
1
Bacterial Metabolism in Wastewater Treatment Systems

Claudia Gallert and Josef Winter

1.1
Introduction

Water that has been used by people and is disposed into a receiving water body with
altered physical and/or chemical parameters is defined as wastewater. If only the
physical parameters of the water were changed, e.g., resulting in an elevated tem-
perature after use as a coolant, treatment before final disposal into a surface water
may require only cooling close to its initial temperature. If the water, however, has
been contaminated with soluble or insoluble organic or inorganic material, a combi-
nation of mechanical, chemical, and/or biological purification procedures may be
required to protect the environment from periodic or permanent pollution or dam-
age. For this reason, legislation in industrialized and in many developing countries
has reinforced environmental laws that regulate the maximum allowed residual
concentrations of carbon, nitrogen, and phosphorous compounds in purified waste-
water, before it is disposed into a river or into any other receiving water body How-
ever, enforcement of these laws is not always very strict. Enforcement seems to be
related to the economy of the country and thus differs significantly between wealthy
industrialized and poor developing countries. In this chapter basic processes for bi-
ological treatment of waste or wastewater to eliminate organic and inorganic pollu-
tants are summarized.

1.2
Decomposition of Organic Carbon Compounds in Natural and Manmade Ecosystems

Catabolic processes of microorganisms, algae, yeasts, and lower fungi are the main
pathways for total or at least partial mineralization/decomposition of bioorganic and
organic compounds in natural or manmade environments. Most of this material is
derived directly or indirectly from recent plant or animal biomass. It originates from
carbon dioxide fixation via photosynthesis (→ plant biomass), from plants that
served as animal feed (→ detritus, feces, urine, etc.), or from fossil fuels or biologi-
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cally or geochemically transformed biomass (→ peat, coal, oil, natural gas). Even the
carbon portion of some xenobiotics can be tracked back to a biological origin, i.e., if
these substances were produced from oil, natural gas, or coal. Only because the
mineralization of carbonaceous material from decaying plant and animal biomass
in nature under anaerobic conditions with a shortage of water was incomplete, did
the formation of fossil oil, natural gas, and coal deposits from biomass occur
through biological and/or geochemical transformations. The fossil carbon of natu-
ral gas, coal, and oil enters the atmospheric CO2 cycle again as soon as these com-
pounds are incinerated as fuels or used for energy generation in industry or private
households.

Biological degradation of recent biomass and of organic chemicals during solid
waste or wastewater treatment proceeds either in the presence of molecular oxygen
by respiration, under anoxic conditions by denitrification, or under anaerobic condi-
tions by methanogenesis or sulfidogenesis. Respiration of soluble organic com-
pounds or of extracellularly solubilized biopolymers such as carbohydrates, pro-
teins, fats, or lipids in activated sludge systems leads to the formation of carbon
dioxide, water, and a significant amount of surplus sludge. Some ammonia and H2S
may be formed during degradation of sulfur-containing amino acids or heterocyclic
compounds. Oxygen must either be supplied by aeration or by injection of pure oxy-
gen. The two process variant for oxygen supply differ mainly in their capacity for
oxygen transfer and the stripping efficiency for carbon dioxide from respiration.
Stripping of carbon dioxide is necessary to prevent a drop in pH and to remove heat
energy. Respiration in the denitrification process with chemically bound oxygen
supplied in the form of nitrate or nitrite abundantly yields dinitrogen. However,
some nitrate escapes the reduction to dinitrogen in wastewater treatment plants and
contributes about 2% of the total N2O emissions in Germany (Schön et al., 1994).
Denitrifiers are aerobic organisms that switch their respiratory metabolism to the
utilization of nitrate or nitrite as terminal electron acceptors, if grown under anoxic
conditions. Only if the nitrate in the bulk mass has been used completely does the
redox potential become low enough for growth of strictly anaerobic organisms, such
as methanogens or sulfate reducers. If anaerobic zones are allowed to form in
sludge flocs of an activated sludge system, e.g., by limitation of the oxygen supply,
methanogens and sulfate reducers may develop in the center of sludge flocs and
form traces of methane and hydrogen sulfide, found in the off-gas.

Under strictly anaerobic conditions, soluble carbon compounds of wastes and
wastewater are degraded stepwise to methane, CO2, NH3, and H2S via a syntrophic
interaction of fermentative and acetogenic bacteria with methanogens or sulfate re-
ducers. The complete methanogenic degradation of biopolymers or monomers via
hydrolysis/fermentation, acetogenesis, and methanogenesis can proceed only at a
low H2 partial pressure, which is maintained mainly by interspecies hydrogen trans-
fer. Interspecies hydrogen transfer is facilitated when acetogens and hydrogenolytic
methanogenic bacteria are arranged in proximity in flocs or in a biofilm within
short diffusion distances. The reducing equivalents for carbon dioxide reduction to
methane or sulfate reduction to sulfide are derived from the fermentative metab-
olism, e.g., of clostridia or Eubacterium sp., from â oxidation of fatty acids, or the ox-
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idation of alcohols. Methane and CO2 are the main products in anaerobic environ-
ments where sulfate is absent, but sulfide and CO2 are the main products if sulfate
is present.

1.2.1
Basic Biology, Mass, and Energy Balance of Aerobic Biopolymer Degradation

To make soluble and insoluble biopolymers – mainly carbohydrates, proteins, and
lipids – accessible for respiration by bacteria, the macromolecules must be hydro-
lyzed by exoenzymes, which often are produced and excreted only after contact with
respective inductors. The exoenzymes adsorb to the biopolymers and hydrolyze
them to monomers or at least to oligomers. Only soluble, low molecular weight
compounds (e.g., sugars, disaccharides, amino acids, oligopeptides, glycerol, fatty
acids) can be taken up by microorganisms and be metabolized for energy produc-
tion and cell multiplication.

Once taken up, degradation via glycolysis (sugars, disaccharides, glycerol), hydrol-
ysis and deamination (amino acids, oligopeptides), or hydrolysis and â oxidation
(phospholipids, long-chain fatty acids) proceeds in the cells. Metabolism of almost
all organic compounds leads to the formation of acetyl-CoA as the central interme-
diate, which is used for biosyntheses, excreted as acetate, or oxidized to CO2 and re-
ducing equivalents in the tricarboxylic acid (TCA) cycle. The reducing equivalents
are respired with molecular oxygen in the respiration chain. The energy of a maxi-
mum of only 2 mol of anhydridic phosphate bonds of ATP is conserved during gly-
colysis of 1 mol of glucose through substrate chain phosphorylation. An additional
2 mol of ATP are formed during oxidation of 2 mol of acetate in the TCA cycle,
whereas 34 mol ATP are formed by electron transport chain phosphorylation with
oxygen as the terminal electron acceptor. During oxygen respiration, reducing
equivalents react with molecular oxygen in a controlled combustion reaction.

When carbohydrates are respired by aerobic bacteria, about one third of the initial
energy content is lost as heat, and two thirds are conserved biochemically in 38
phosphoanhydride bonds of ATP. In activated sludge reactors or in wastewater
treatment ponds that are not loaded with highly concentrated wastewater, wall irra-
diation and heat losses with the off-gas stream of aeration into the atmosphere pre-
vent self-heating. In activated sludge reactors for treatment of highly concentrated
wastewater, however, self-heating up to thermophilic temperatures may occur if the
wastewater is warm in the beginning, the hydraulic retention time for biological
treatment is short (short aeration time), and the air or oxygen stream for aeration is
restricted so as to supply just sufficient oxygen for complete oxidation of the pollu-
tants (small aeration volume).

The conserved energy in the terminal phosphoanhydride bond of ATP, formed
during substrate chain and oxidative phosphorylation by proliferating bacteria is
partially used for maintenance metabolism and partially for cell multiplication. Par-
titioning between both is not constant, but depends on the nutritional state. In high-
ly loaded activated sludge reactors with a surplus or at least a non-growth–limiting
substrate supply, approximately 50% of the substrate is respired in the energy me-
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tabolism of the cells and 50% serves as a carbon source for cell growth (Table 1.1).
The biochemically conserved energy must be dissipated to be used for the mainte-
nance metabolism of existing cells and cell growth.

If the substrate supply is growth-limiting, e.g., in a low-loaded aerobic treatment
system, a higher proportion of ATP is consumed for maintenance, representing the
energy proportion that bacteria must spend for non-growth–associated cell survival
metabolism, and less energy is available for growth. Overall, more of the substrate
carbon is respired, and the ratio of respiration products to surplus sludge formed is
higher, e.g., around 70% : 30% (Table 1.1). In a trickling filter system, an even high-
er proportion of the substrate seems to be respired. This might be due to protozoa
grazing off part of the biofilm.

For comparison, Table 1.1 also summarizes carbon dissipation in anaerobic me-
thanogenic degradation. Only about 5% of the fermentable substrate is used for cell
growth (surplus sludge formation) in anaerobic reactors, whereas 95% is converted
to methane and CO2, and most of the energy of the substrates is conserved in the
fermentation products.

1.2.1.1 Mass and Energy Balance for Aerobic Glucose Respiration 
and Sewage Sludge Stabilization

In most textbooks of microbiology, respiration of organic matter is explained by
Eq. 1, with glucose used as a model substance. Except for an exact reaction stoichi-
ometry of the oxidative metabolism, mass and energy dissipation, if mentioned at
all, are not quantified. Both parameters are, however, very important for activated
sludge treatment plants. The surplus sludge formed during wastewater stabilization
requires further treatment, causes disposal costs, and – in the long run – may be an
environmental risk, and heat evolution during unevenly high-loaded aerobic treat-
ment may shift the population toward more thermotolerant or thermophilic species
and thus, at least for some time, may decrease the process efficiency.

1 mol C6H12O6 + 6 mol O2 → 6 mol CO2 + 6 mol H2O + heat energy (1)

4 1 Bacterial Metabolism in Wastewater Treatment Systems

Table 1.1 Carbon flow during (A) aerobic degradation in an activated sludge system under (a) sat-
urating and (b) limiting substrate supplya and during (B) anaerobic degradation.

(A) Aerobic degradation:

(a) Saturating substrate supply = high-load conditions

1 unit substrate carbon → 0.5 units CO2 carbon + 0.5 units cell carbon

(b) Limiting substrate supply = low-load conditions

1 unit substrate carbon → 0.7 units CO2 carbon + 0.3 units cell carbon

(B) Anaerobic degradation:

1 unit substrate carbon → 0.95 units (CO2 + CH4) carbon + 0.05 units cell carbon

a Estimated from surplus sludge formation in different wastewater treatment plants.



If 1 mol of glucose (MW=180 g) is degraded in an activated sludge system at a
high BOD loading rate (e.g., >0.6 kg m–3 d–1 BOD), approximately 0.5 mol (90 g) is
respired to CO2 and water, with consumption of 3 mol of O2 (96 g), releasing 19 mol
of ATP (Fig. 1.1). The other 0.5 mol of glucose (90 g) is converted to pyruvate by one
of three glycolytic pathways, accompanied by the formation of 0.5–1 mol ATP. Pyru-
vate or its subsequent metabolic products, e.g., acetate or dicarboxylic acids, are di-
rectly used as carbon substrates for cell multiplication and surplus biomass forma-
tion. A maximum amount of 20 mol ATP is thus available for growth and mainte-
nance (Fig. 1.1). At a pH of 7, about 44 kJ of energy is available for growth per mol
of ATP hydrolyzed to ADP and inorganic phosphate (Thauer et al., 1977). For an av-
erage molar growth yield of aerobes of 4.75 g per mol ATP (Lui, 1998), 90 g biomass
can be generated from 180 g glucose. If the combustion energy per g of cell dry
mass is 22 kJ, about 890 kJ (2870–980 kJ) is lost as heat during respiration (Fig. 1.1).
The energy loss is the sum of heat losses during respiration and cell growth.

At a low BOD loading rate, the proportion of glucose respired in relation to the
proportion of glucose fixed as surplus biomass can shift. Up to 0.7 mol (126 g) of
glucose can be oxidized to CO2, requiring 4.2 mol of oxygen (134.4 g O2). Thus, for
respiration of 1 mol of glucose, different amounts of oxygen may be consumed, de-
pending on the loading rate of the wastewater treatment system and the different
amounts of carbon dioxide and of surplus sludge formed (Fig. 1.1, Table 1.1).

The energy and carbon balance deduced above can be analogously applied to aero-
bic stabilization of raw sewage sludge. If the initial dry matter content is around 36g
L–1 (average organic dry matter content of sewage sludge) and if a biodegradability
of 50% within the residence time in the sludge reactor is obtained, about 9 g L–1 of
new biomass is formed, and thus 27 g L–1 (36 – 18 + 9) remains in the effluent.
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The released heat energy is approximately 89 kJ L–1 of reactor content. To estimate
the theoretical temperature rise, this amount of heat energy must be divided by
4.185 kJ (specific energy requirement for heating 1 L of H2O from 14.5–15.5 °C).
Thus, by respiration of 18 g L–1 organic dry matter, the reactor temperature increas-
es by 21.3°C within the residence time required for degradation (≤16 h), provided
that no heat energy is lost. A great proportion of the heat energy is, however, trans-
ferred via the liquid phase to the aeration gas and stripped out, whereas a smaller
proportion is lost through irradiation from the reactor walls. Since air, containing
almost 80% nitrogen, is normally used as an oxygen source in aeration ponds or ac-
tivated sludge reactors, the heat transfer capacity of the off-gas is high enough to
prevent a significant increase in the wastewater temperature. Thus, ambient or at
least mesophilic temperatures can be maintained. An increasing temperature of
several degrees Celsius would lead to a shift in the population in the reactor and – at
least temporarily – would result in reduced process stability, but an only slightly in-
creased temperature of a few degrees Celsius might simply stimulate the metabolic
activity of the prevalent mesophilic population. In practice, in activated sewage
sludge systems no self-heating is observed because degradability is only about 50%
and complete heat transfer to the atmosphere occurs via the off-gas at a retention
time of more than 0.5 d. If, however, wastewater from a dairy plant or a brewery
with a similar COD concentration, but with almost 100% biodegradable constitu-
ents, is stabilized with pure oxygen, twice as much heat evolves, leading to a theoret-
ical temperature rise of 57 °C. Self-heating is observed, since there is much less off-
gas and the heat loss is thus significantly lower. In addition, due to higher reaction
rates than with sewage sludge, the heat is generated during a shorter time span
(shorter retention time).

1.2.1.2 Mass and Energy Balance for Anaerobic Glucose Degradation 
and Sewage Sludge Stabilization

For anaerobic wastewater or sludge treatment, oxygen must be excluded to maintain
the low redox potential that is required for survival and metabolic activity of the acet-
ogenic, sulfidogenic, and methanogenic populations. Hydrolysis of polymers, up-
take of soluble or solubilized carbon sources, and the primary metabolic reactions of
glycolysis up to pyruvate and acetate formation seem to proceed identically or at
least analogously in aerobic and anaerobic bacteria. Whereas aerobes oxidize acetate
in the TCA cycle and respire the reducing equivalents with oxygen, anaerobes, such
as Ruminococcus sp., Clostridium sp., or Eubacterium sp., either release molecular hy-
drogen or transform pyruvate or acetate to highly reduced metabolites, such as lac-
tate, succinate, ethanol, propionate, or n-butyrate. For further degradation within
the anaerobic food chain, these reduced metabolites must be oxidized anaerobically
by acetogenic bacteria. Since the anaerobic oxidation of propionate or n-butyrate by
acetogenic bacteria is obligately accompanied by hydrogen production but is only
slightly exergonic under conditions of a low H2 partial pressure (Bryant, 1979), ace-
togens can grow only when hydrogen is consumed by hydrogen-scavenging organ-
isms such as methanogens or sulfate reducers.
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During anaerobic degradation of 1 mol glucose, approximately 95% of the glucose
carbon is used for biogas formation (171 g = 127.7 L CH4 + CO2), and only about 5%
of the substrate carbon (9 g) converted to biomass (Table 1.1). Much less heat ener-
gy is released during anaerobic metabolism than during aerobic respiration (131 kJ
mol–1 versus 890 kJ mol–1, respectively), and the biogas contains almost 90% of the
energy of the fermented substrate (Fig. 1.2). Due to the heat energy requirement to
warm the wastewater and due to heat losses via irradiation from pipes and reactor
walls, heat generation is not nearly sufficient to maintain a constant mesophilic fer-
mentation temperature. For this reason, anaerobic digesters must be heated.

In sewage sludge with 36 g L–1 organic dry matter content and 50% biodegradabil-
ity, 0.9 g surplus sludge and 17.1 g biogas (equivalent to 12.75 L) are formed during
anaerobic stabilization. Only 13.1 kJ of heat energy per mol of glucose is released,
leading to a self-heating potential of 3.1 °C. Since the heat energy is released only
during the hydraulic residence time of the wastewater in the reactor, which is usual-
ly more than 10 d (except for high-rate industrial wastewater treatment, where in
special situations the HRT may be shorter than one day), much more heat energy is
lost by irradiation via the reactor walls than is required to maintain the temperature.
If highly concentrated wastewater streams of the food and beverage industry are sta-
bilized anaerobically at hydraulic retention times of <1 d (high space loading), more
heat energy is generated within a much shorter time. But even then, process energy
from external sources has to be supplied to maintain a temperature of 30–37 °C.
Proper insulation of anaerobic reactors can minimize but not replace external heat-
ing of the reactor. The methane in the biogas, generated during anaerobic sludge or
wastewater stabilization processes, contains about 90% of the energy of the fer-
mented substrate. Since methane is a climate-relevant gas it may not be emitted
into the atmosphere but must be combusted to CO2. Methane from anaerobic reac-
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Fig. 1.2 Mass and energy dissipation during anaerobic glucose fermentation at pH 7.



tors can be used as a fuel for gas engines to generate electricity and/or heat energy
(Eq. 2):

CH4 + 2 O2 → CO2 + 2 H2O + heat energy (ÄG°′ = – 891.6 kJ mol–1 CH4) (2) 

1.2.2
General Considerations for the Choice of Aerobic 
or Anaerobic Wastewater Treatment Systems

If a producer of wastewater has to decide whether to install an aerobic or an anaero-
bic waste or wastewater treatment system, several points should be considered:
• Anaerobic treatment in general does not lead to the low pollution standards of

COD, BOD5, or TOC that can be met with aerobic systems and which are required
by environmental laws. Anaerobic treatment of wastes and wastewater is often
considered a pretreatment process to minimize the oxygen demand and surplus
sludge formation in a subsequent aerobic post-treatment stage. Only after a final
aerobic treatment can the COD, BOD5, or TOC concentration limits stated in the
environmental laws be met. If limiting concentrations for nitrogen and phos-
phate also have to be achieved, further treatment steps such as nitrification, denit-
rification, and biological or chemical phosphate removal, must be considered.

• Highly concentrated wastewater should in general be treated anaerobically, be-
cause of the possibility of energy recovery in biogas and the much lower amounts
of surplus sludge to be disposed of. For aerobic treatment, a high aeration rate is
necessary and much surplus sludge is generated. Aeration causes aerosol forma-
tion and eventually requires off-gas purification.

• The efficiency of COD degradation for the bulk mass in concentrated wastewater
or sludges (degradability of organic pollutants) generally seems to be about simi-
lar in aerobic or anaerobic bacteria. However, the degradation rates may be faster
in aerobic treatment procedures than in anaerobic treatment procedures.

• Wastewater with a low concentration of organic pollutants should be treated aero-
bically due to its higher process stability at low pollutant concentrations, although
aerobic treatment is more expensive and more sludge remains for disposal. If
mineralized sludge is required, aerobic treatment at a low loading or at prolonged
hydraulic retention times is necessary to reinforce respiration of all endogenous
reserve material.

• Anaerobic treatment systems are more expensive to construct but less expensive
to operate than aerobic treatment systems.

1.2.3
Aerobic or Anaerobic Hydrolysis of Biopolymers: Kinetic Aspects

Hydrolysis of biopolymers and fermentation or respiration of monomers can be cat-
alyzed by strictly anaerobic, facultative anaerobic, and aerobic microorganisms.
With some exceptions (e.g., small protein molecules, dextran), biopolymers are in-
soluble and form fibers (cellulose), grains (starch) or globules (casein after enzymat-
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ic precipitation) or can be melted or emulsified (fat). Henze et al. (1997) reported hy-
drolysis constants kh for dissolved organic polymers of 3–20 d–1 under aerobic con-
ditions and of 2–20 d–1 under anaerobic conditions, whereas for suspended solids
the hydrolysis constants kh were 0.6 to 1.4 d–1 under aerobic conditions and 0.3 to
0.7 d–1 under anaerobic conditions. For a kinetic description of hydrolysis and fer-
mentation, a substrate-limited first-order reaction was assumed by Buchauer (1997),
who deduced that the temperature-dependent reaction rate for hydrolysis is a little
lower than the reaction rate for fermentation of the hydrolysis products. The rate-
limiting step is therefore hydrolysis of particles and not fermentation of solubilized
material (Buchauer, 1997). Since hydrolysis is catalyzed not only by freely soluble
exoenzymes, diluted in the bulk mass of liquid, but to a much higher extent by en-
zymes that are excreted in the neighborhood of bacterial colonies growing attached
to the surface of the particles, the above description of complex fermentation pro-
cesses is not always valid. Cellulases can be arranged in cellulosomes, which attach
to the particles, which in turn serve as carriers until they themselves are solubilized.
For this reason, Vavilin et al. (1997) included biomass in their description of the hy-
drolysis of cellulose, cattle manure, and sludge. Shin and Song (1995) determined
the maximum rates of acidification and methanation for several substrates. For hy-
drolysis of particulate organic matter, the ratio of surface area to particle size is im-
portant. They found that for glucose, starch, carboxymethyl cellulose, casein, and
food residues from a restaurant, hydrolysis proceeded faster than methanogenesis,
whereas for newspaper and leaves hydrolysis was the rate-limiting step.

1.2.4
Hydrolysis of Cellulose by Aerobic and Anaerobic Microorganisms: Biological Aspects

Cellulose and lignin are the main structural compounds of plants. Both substances
are the most abundant biopolymers on earth. Cellulose fibers are formed of linear
chains of 100–1400 glucose units linked together by â-1,4-glycosidic bonds. Inter-
and intramolecular hydrogen bonds and van der Waals interactions arrange the high-
ly organized fibrous regions (crystalline region), which alternate with less organized
amorphous regions in the cellulose fibers. The fibers are embedded in a matrix of
hemicelluloses, pectin, or lignin. The hemicelluloses consist mainly of xylans or glu-
comannans, which have sidechains of acetyl, gluconuryl, or arabinofuranosyl units.
To make cellulose fibers accessible to microorganisms, the hemicellulose, pectin, or
lignin matrix must be degraded microbiologically or solubilized chemically. Cellu-
lose degradation in the presence of oxygen in soil or in the absence of oxygen in the
rumen of ruminants, in swamps, or in anaerobic digesters is the most important
step in mineralization of decaying plant material. Cellulolytic organisms are found
among aerobic soil fungi, e.g., within the genera Trichoderma and Phanaerochaete
and in anaerobic rumen fungi, e.g. Neocallimastix and Piromyces, and among bacte-
ria, e.g., within the genera Cellulomonas, Pseudomonas, and Thermomonospora (aero-
bic cellulose degraders) and Clostridium, Fibrobacter, Bacteroides, and Ruminococcus
(anaerobic cellulose degraders). For more details on cellulolytic bacteria and the
mechanism of cellulose cleavage, please see Coughlan and Mayer (1991).
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Glycosyl hydrolases are involved in cellulose and hemicellulose degradation by
cleaving glycosidic bonds between different carbohydrates and between carbohy-
drates and noncarbohydrates. Endo- and exocellulases – in some organisms orga-
nized in cellulosomes – must be excreted into the medium. Cellulases are complex
biocatalysts and contain a catalytic site and a substrate-binding site. The presence of
a noncatalytic substrate binding site permits tight attachment to the different forms
of cellulose substrate and keeps the enzyme close to its cleaving sites. Substrate
binding is reversible, which allows the enzyme to ‘hike’ along the fibers and obtain
total solubilization. Many aerobic fungi and some bacteria excrete endoglucanases
that hydrolyze the amorphous region of cellulose (degradation within the chain),
whereas exoglucanases hydrolyze cellulose from the ends of the glucose chains. Cel-
lobiose is cleaved off by cellobiohydrolases from the nonreducing ends in the amor-
phous region, and finally the crystalline region is also hydrolyzed.

Cleavage of cellobiose to glucose units by â-glucosidases is necessary to prevent
cellobiose accumulation, which inhibits cellobiohydrolases (Be’guin and Aubert,
1994).

Anaerobic bacteria such as Clostridium thermocellum form a stable enzyme com-
plex, the cellulosome, at the cell surface (Lamed and Bayer, 1988). Cellulosomes are
active in degrading crystalline cellulose. The catalytic subunits of a cellulosome, en-
doglucanases and xylanases, cleave the cellulose fiber into fragments, which are si-
multaneously degraded further by â-glucosidases. Cellulosome-like proteins are
found also in Ruminococcus sp. and Fibrobacter sp. cultures. The cell-bound en-
zymes are associated with the capsule or the outer membrane. Other specific adhe-
sions or ligand formations with the cellulose can be facilitated by fimbrial connec-
tions, glycosylated epitopes of carbohydrate binding proteins, or the glycocalyx and
carbohydrate binding modules (Krause et al., 2003). Some bacteria have not devel-
oped a mechanism to adhere to cellulose fibers, but excrete cellulases into the medi-
um. Adsorption of bacteria onto cellulose fibers via cellulosomes offers the advan-
tage of close contact with the substrate, which is hydrolyzed mainly to glucose,
which is then taken up and metabolized. Small amounts of cellobiose must be
present initially to induce cellulase expression. The contact of bacteria with the sol-
id substrate surface keeps them close to cellobiose and thus keeps cellulase activities
high. However, accumulation of hydrolysis products such as glucose repress cellu-
lase activity.

In nature most cellulose is degraded aerobically. Only about 5%–10% is thought
to be degraded anaerobically, which may be an underestimate. Since most ecosys-
tems are rich in carbonaceous substances but deficient in nitrogen compounds,
many cellulolytic bacteria can also fix dinitrogen. This is advantageous to them and
to syntrophic or symbiotic organisms (Leschine, 1995). Other examples of mutual
interactions between organisms of an ecosystem are interspecies hydrogen transfer
between anaerobes (anaerobic food chain), transfer of growth factors (mycorhizzae,
Kefir), and production of fermentable substrates for the partner organisms (bacteri-
al interactions in the rumen).

Hydrolysis of biological structural components such as cellulose, lignin, and oth-
er structural or storage polymers (Table 1.2) is difficult. The limiting step of hydrol-
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ysis seems to be liberation of the cleavage products. In contrast to the slow hydroly-
sis of celluloses, mainly due to lignin encrustation of naturally occurring celluloses,
starch can be easily hydrolyzed. The branching and helical structure of starch facili-
tates hydrolysis (Warren, 1996). Whereas cellulose forms fibers with a large surface
covered with lignin, starch forms grains with an unfavorable surface-to-volume ratio
for enzymatic cleavage. Thus, although amylases may be present in high concentra-
tions, the hydrolysis rate is limited by the limited access of the enzymes to the sub-
strate.

Whereas cellulose and starch are biodegradable, other carbohydrate-derived cellu-
lar compounds are not biodegradable and – after reaction with proteins – form hu-
mic acid-like residues by the Maillard reaction.
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Table 1.2 Polysaccharides and derivatives occurring in nature.

Compound Bond Unit Occurrence

Cellulose â-1,4- glucose plant cell wall

Chitin â-1,4- N-acetyl glucosamine fungal cell and insect wall
exoskeleton

Murein â-1,4- N-acetyl-glucosamine bacterial cell wall

N-acetyl-muramic acid

Chitosan â-1,4- N-glucosamine, substituted fungal and insect materials
with acetyl residues

Mannans â-1,4- mannose plant material

Xylans â-1,4- xylopyranose, substituted with acetyl- plant material
arabinofuranoside residues

Starch �-1,4- glucose storage material in plant

amylose (contains few �-1,6-branches)

amylopectin (contains many 
�-1,6-branches)

Glycogen �-1,4- highly branched glucose with storage material in bacteria
�-1,6 bonds

Dextran �-1,2- glucose storage material in yeasts

�-1,3- glucose exopolymer of bacteria

�-1,4- glucose

�-1,6- glucose

Laminarin â-1,3- glucose reserve material in algae



1.2.5
Biomass Degradation in the Presence of Inorganic Electron Acceptors 
and by an Anaerobic Food Chain

In ecosystems in which molecular oxygen is available, plant and animal biomass is
degraded to CO2 and H2O, catalyzed by either single species of aerobic microorgan-
isms or the whole population of the ecosystem, in competition for the substrates. A
single organism may be able to hydrolyze the polymers and oxidize the monomers
to CO2 and H2O with oxygen. In ecosystems where molecular oxygen is deficient –
such as swamps, wet soil, the rumen of animals, the digestive tract of humans, or in
river and lake sediments – oxidation of dead biomass proceeds anoxically by reduc-
tion of electron acceptors such as nitrate and nitrite or anaerobically by reduction of
sulfate, Fe3+, Mn4+, or CO2. The oxidation of the carbon source is either complete or
incomplete with acetate excretion. In the absence of inorganic electron acceptors,
oxidized metabolites such as pyruvate or acetate are reduced to lactate or ethanol or
biotransformed to, e.g., n-butyrate or n-butanol. In permanently anaerobic ecosys-
tems with seasonal overfeeding, periodic accumulation of such metabolites can oc-
cur, e.g., in autumn after the non-evergreen plants drop their leaves or decay com-
pletely. The biopolymers of the leaves or the plants themselves decompose by extra-
cellular enzymatic hydrolysis. The monomers are fermented, and the fermentation
products may be degraded further to biogas by acetogenic and methanogenic bacte-
ria. Whereas single cultures of aerobes can catalyze the whole mineralization pro-
cess to finally form CO2 and H2O, single cultures of strictly anaerobic bacteria are
not capable of degrading biopolymers to CH4 and CO2. Under anaerobic conditions
biopolymers must be degraded by a food chain via depolymerization (hydrolysis),
fermentation (acidogenesis), oxidation of fatty acids (acetogenesis), and biogas for-
mation (methanogenesis) as the last step (McInerney, 1988). In an initial exoen-
zyme-catalyzed reaction the biopolymers are hydrolyzed to soluble mono-, di-, or ol-
igomers. These are taken up by the bacteria and fermented to CO2, H2, formate, ac-
etate, propionate, butyrate, lactate, etc. If fatty acid isomers are produced, they are
mainly derived from degradation of amino acids after proteolysis. Fatty acids are
further oxidized by acetogenic bacteria, before the cleavage products CO2, H2, and
acetate can be taken up by methanogens and be converted to methane and CO2. Lac-
tate is oxidized to pyruvate, which is decarboxylated to yield acetate, CO2, and H2. If
ethanol is present, it is oxidized to acetate and hydrogen, and the hydrogen is used
for CO2 reduction.

Table 1.3 summarizes the reactions that can be catalyzed by methanogens and
that can contribute to methane emission in various ecosystems. In sewage digesters
about two thirds of the methane is derived from acetate cleavage and one third from
CO2 reduction with H2. If hexoses are the substrates and glycolysis is the main deg-
radation pathway, then the 2 mol of pyruvate can be decarboxylated by pyruvate: fer-
redoxin oxidoreductase to yield 2 mol acetate and 2 mol CO2. The hydrogens of the
2 mol NADH2 from glycolysis and the 2 mol FdH2 from pyruvate decarboxylation
are then released as molecular hydrogen at low H2 partial pressure (Eq. 3). Two
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moles of CH4 are then formed from acetate and 1 mol of CH4 by CO2 reduction (re-
actions 1 and 2 of Table 1.3).

1 mol glucose → 2 mol acetate + 2 mol CO2 + 4 mol H2 (at low pH2) (3)

In complex ecosystems formate is formed if high concentrations of hydrogen ac-
cumulate. Syntrophic interactions are usually associated with interspecies hydrogen
transfer, but evidence for interspecies formate transfer was also reported (Thiele et
al., 1988). The feasibility of the electron carrier depends on its solubility, which is
much less for hydrogen than for formate, and on its diffusion coefficient in water,
which favors hydrogen 30 times over formate. The efficiency of the appropriate elec-
tron transfer depends mainly on the distance between the producing and consum-
ing bacteria. It can be expected, that formate transfer is favored when the distance
between communicating bacteria is high and hydrogen transfer when the distance
is small (de Bok et al., 2004). Interspecies formate transfer is thought to play a ma-
jor role in degradation of syntrophic butyrate (Boone et al., 1989) and propionate
(Stams, 1994; Schink, 1997). However, at an increased H2 partial pressure formate
is also produced by methanogens, either in pure cultures or in a sewage sludge pop-
ulation (Bleicher and Winter, 1994), and this may also contribute to increasing for-
mate concentrations. Other substrates for methanogenic bacteria (Table 1.3), such
as methanol (derived, e.g., from methoxy groups of lignin monomers) or methyl-
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Table 1.3 Reactions catalyzed by methanogens and standard changes in free energy.

Reaction ÄÄG°°′′
(kJ per mol of methane)

Substrates (mol) Products (mol)

Acetate → CH4 + CO2 –31.0
4 H2 + CO2 → CH4 + 2 H2O –135.6
4 HCOOH → CH4 + 3 CO2 + 2 H2O –130.1
4 CO + 2 H2O → CH4 + 3 CO2 –211.0
4 Methanol → 3 CH4 + CO2 + 2 H2O –104.9
Methanol + H2 → CH4 + H2O –112.5
2 Ethanola + CO2 → CH4 + 2 acetate –116.3
4 2-Propanolb + CO2 → CH4 + 4 acetone + 2 H2O –36.5
4 Methylamine + 2 H2O → 3 CH4 + CO2 + 4 NH3 –75.0
2 Dimethylamine + 2 H2O → 3 CH4 + CO2 + 2 NH3 –73.2
4 Trimethylamine + 6 H2O → 9 CH4 + 3 CO2 + 4 NH3 –74.3
2 Dimethylsulfide + 2 H2O → 3 CH4 + CO2 + 2 H2S –73.8

a Other primary alcohols that are used as hydrogen donors for CO2 reduction are 1-propanol and
1-butanol (in a few species).

b Other secondary alcohols used as hydrogen donors for CO2 reduction are 2-butanol, 1,3-butanediol,
cyclopentanol, and cyclohexanol (in a few species). 
Compiled from Whitman et al. (1992) and Winter (1984).



amines and dimethylsulfide (e.g., from methylsulfonopropionate in algae; Fritsche,
1998) are relevant only in ecosystems where these substances are produced during
microbial decay. A few methanogens can also use reduced products such as pri-
mary, secondary, and cyclic alcohols as a source of electrons for CO2 reduction
(Widdel, 1986; Zellner and Winter, 1987a; Bleicher et al., 1989; Zellner et al., 1989).

1.2.6
Roles of Molecular Hydrogen and Acetate During Anaerobic Biopolymer Degradation

Molecular hydrogen is produced during different stages of anaerobic degradation.
In the fermentative stage, organisms such as Clostridium sp. and Eubacterium sp.
produce fatty acids, CO2, and hydrogen from carbohydrates. In the acetogenic stage,
acetogens such as Syntrophobacter wolinii and Syntrophomonas wolfei produce ace-
tate, CO2, and hydrogen or acetate and hydrogen by anaerobic oxidation of propion-
ate and n-butyrate (McInerney, 1988). Fermentative bacteria release molecular hy-
drogen even at a high H2 partial pressure and simultaneously excrete reduced prod-
ucts (e.g., clostridia, Ruminococcus, Eubacterium sp.). However, the release of molec-
ular hydrogen during acetogenesis of fatty acids or of other reduced metabolites
may occur only when hydrogen does not accumulate, for thermodynamic reasons.
Molecular hydrogen is consumed by methanogens (Table 1.4, reaction 1) or, alter-
natively, by sulfate reducers (Table 1.4, reaction 2) via interspecies hydrogen trans-
fer. In the rumen and in sewage sludge digesters, the hydrogen concentration can
be decreased by acetate formation from CO2 and H2 (Table 1.4, reaction 3) by bacte-
ria such as Acetobacterium woodii and Clostridium thermoaceticum. Some additional
reactions consuming hydrogen to decrease its concentration are also listed in Table
1.4 (reactions 4–6).

To maintain a low H2 partial pressure, a syntrophism of acetogenic, hydrogen-
producing and methanogenic, hydrogen-utilizing bacteria is essential (Ianotti et al.,
1973). Complete anaerobic degradation of fatty acids with hydrogen formation by
obligate proton-reducing acetogenic bacteria is possible only at H2 partial pressures
<10–4 atm (n-butyrate) or 10–5 atm (propionate), which cannot be maintained by
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Table 1.4 Hydrogen-consuming reactions in anaerobic ecosystems (Schink, 1997).

Substrates (mol) Products (mol) ÄÄG°°′′
(kJ per mol)

(1) 4 H2 + CO2 → CH4 + 2 H2O –131.0
(2) 4 H2 + SO4

2– → S2– + 4 H2O –151.0
(3) 4 H2 + 2 CO2 → CH3COO – + H+ + 2 H2O –0.9
(4) H2 + S0 → H2S –0.9
(5) H2C(NH3

+)COO– + H2 → CH3COO – + NH4
+ 0.0

(6) COOH–CH–CH–COOH + H2 → COOH–CH2–CH2–COOH 0.0



methanogens or sulfate reducers. However, by reversed electron transport electrons
can be shifted to a lower redox potential suitable for proton reduction (Schink,
1997). If hydrogen accumulates beyond this threshold concentration, the anaerobic
oxidation of fatty acids becomes endergonic and does not proceed (for details, see
Chapter 8, this volume). Whereas hydrogen prevents â oxidation of fatty acids by ac-
etogens even at very low H2 partial pressure, much higher concentrations of acetate
(in the millimolar range) are required for the same effect.

The fermentative metabolism of acidogenic bacteria is exergonic even at H2 par-
tial pressures >10–4 atm. Whereas acetogenic bacteria apparently depend mainly on
ATP generation by chemiosmotic phosphorylation, fermentative bacteria produce
most of their ATP by substrate chain phosphorylation. This may be why fermenta-
tive bacteria do not depend on a syntrophic interaction with electron-consuming
bacteria, such as methanogens or sulfate reducers.

In addition to the possibility of anaerobic oxidation of organic compounds via syn-
throphic interactions between acetogenic bacteria and acetoclastic + hydrogeno-
trophic methanogens (see also Section 1.2.5), other synthrophic associations
between acetate-oxidizing bacteria and H2/CO2-utilizing methanogens under ther-
mophilic (Lee and Zinder 1988) and mesophilic (Schnuerer et al. 1996) growth con-
ditions have been observed. Thermodynamic analysis of mesophilic synthrophic ac-
etate oxidation revealed a hydrogen partial pressure of < 0.1–2.6 Pa, which is in the
range found in methanogenic ecosystems (Dolfing, 2001). In thermophilic methan-
ogenic reactors, acetate is degraded either by synthrophic acetate oxidizers (domi-
nant process at low acetate concentrations) and acetate-degrading methanogens (ac-
etate concentration above the threshold concentration) or by acetate-utilizing meth-
anogens of the genera Methanosaeta or Methanosarcina (Ahring, 2003). Synthrophic
acetate oxidation and methane formation from the cleavage products may explain
the lack of acetoclastic methanogens (Methanosarcina sp. or Methanosaeta sp.) in an-
aerobic reactors.

1.2.7
Anaerobic Conversion of Biopolymers to Methane and CO2

The principle of the anaerobic metabolism of biopolymers was outlined by the pio-
neering work of Wolin (1976) and Bryant (1979). There is an essential requirement
for syntrophic interaction between different metabolic groups for complete anaero-
bic degradation (Wolin, 1976, 1982). The most sensitive switch of the carbon flow of
substrates to biogas is the H2 partial pressure. The substrate supply for biomethana-
tion processes must be limited so that the most slowly growing group in the food
chain, the obligate proton-reducing acetogens, can still excrete hydrogen at a maxi-
mum rate, but at the same time hydrogen accumulation >10–5 atm is prevented by
active methanogenesis or sulfate reduction (Bryant, 1979). Whereas hydrogen
seemed to be the most sensitive regulator of anaerobic degradation, formate (Bleich-
er and Winter, 1994), acetate, or other fatty acids accumulated to much higher con-
centrations (McInerney, 1988) but did not repress anaerobic degradation. If hydro-
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gen accumulated due to an oversupply or to inhibition of methanogens, anaerobic
biodegradation was disturbed successively in different stages. Initially, in the aceto-
genic stage â oxidation of fatty acids and alcohols failed, leading to an accumulation
of these acid metabolites. Later, the spectrum of metabolites of the fermentative flo-
ra changed toward more reduced products like ethanol, lactate, propionate, and n-
butyrate, leading to an even higher concentration of volatile fatty acids and a further
decrease in pH. At pH values below 6.5, methanogenic reactions were almost com-
pletely prevented. At this stage acidification with a rich spectrum of reduced prod-
ucts still proceeded.

1.2.7.1 Anaerobic Degradation of Carbohydrates in Wastewater
Carbohydrates are homo- or heteropolymers of hexoses, pentoses, or sugar deriva-
tives, which occur in soluble form or as particles, forming grains or fibers of various
sizes. In some plants, starch forms grains up to 1 mm in diameter, which is 1000
times the diameter of bacteria. Starch metabolism by bacteria requires hydrolytic
cleavage by amylases to form soluble monomers or dimers, since only soluble sub-
strates can be taken up and metabolized.

The anaerobic degradation of biopolymers in general and of cellulose in particular
can be divided into hydrolytic, fermentative, acetogenic, and methanogenic phases
(Fig. 1.3). Hydrolysis and fermentation of the hydrolysis products can be catalyzed
by the same trophic group of microorganisms. The distinction of the two phases is
of more theoretical than practical relevance. Concerning reaction rates in a methane
fermenter that is fed with a particulate substrate, the rate-limiting step is hydrolysis
rather than the subsequent fermentation of the monomers, if acetogenesis and me-
thanogenesis proceed faster. The hydrolysis rates of polymers can be very different.
Hemicellulose and pectin are hydrolyzed ten times faster than lignin-encrusted cel-
lulose (Buchholz et al., 1986, 1988). In the acidification reactor of a two-stage anaer-
obic process, hydrolysis of polymers to monomers is normally slower than fermen-
tation of monomers to fatty acids and other fermentation products. For this reason,
no sugar monomers can be detected during steady-state operation. In the methane
reactor, â oxidation of fatty acids, especially of propionate or n-butyrate, is the rate-
limiting step (Buchholz et al., 1986). Fatty acid degradation is the slowest reaction
overall in a two-stage methane reactor fed with carbohydrate-containing wastewater
from sugar production. Thus, the methane reactor has to be larger than the acidifi-
cation reactor to permit longer hydraulic retention times.

The rate of cellulose degradation depends strongly on the state of the cellulose in
the wastewater. If cellulose is lignin-encrusted, lignin prevents access of cellulases
to the cellulose fibers. If cellulose is mainly in a crystalline form, cellulases can eas-
ily attach to it, and then hydrolysis can be a relatively fast process. At increasing
loading in an anaerobic reactor fed with crystalline cellulose, acetogenesis became
the rate-limiting process, leading to propionate and butyrate formation (Winter and
Cooney, 1980). In decaying plant material, cellulose is very often lignin-encrusted.
Due to the highly restricted access to these complexes by cellulases, hydrolysis of
cellulose is the rate-limiting step in its degradation to methane and CO2.
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Whether microorganisms are capable of degrading lignin under anaerobic condi-
tions is still under discussion. In a natural environment without time limitation, lig-
nin was reported to be degraded anaerobically (Colberg and Young, 1985; Colberg,
1988). However, since these results were based on long-term experiments per-
formed in situ and anaerobiosis was not controlled, it remains doubtful, whether
the small amount of lignin that disappeared was really degraded under strictly an-
aerobic conditions. The occurrence of coal and fossil oil suggests that lignin com-
pounds are highly resistant to microbial attack.

During anaerobic degradation of starch, hydrolysis by amylases proceeds with
high velocity if good contact between starch grains and amylases is maintained.
Whereas in an anaerobic reactor at low loading, starch degradation can proceed in
the absence of acetogenic bacteria, as indicated in Figure 1.4 (route a), at high load-
ing, volatile fatty acids are formed and acetogens are essential for total degradation
(Fig. 1.4, route b). Figure 1.4 illustrates how the rate-limiting acetogenic reactions
may be avoided by adjusting the conditions so that hydrolysis and fermentation oc-
cur no faster than methanogenesis. The rationale behind this is that many fermen-
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Fig. 1.3 Anaerobic degradation of lignocellulose and cellulose to methane and CO2 (according
to ATV, 1994).



tative bacteria produce only acetate, formate, CO2, and hydrogen when H2-scaveng-
ing methanogens or sulfate reducers are able to maintain a sufficiently low H2 par-
tial pressure, but a wide spectrum of fermentation products, typical for the metab-
olism of the respective bacterial species in pure culture, is produced at higher H2

partial pressure (Winter, 1983, 1984). Methanogenesis in continuous syntrophic
methanogenic cultures can be disturbed by spike concentrations of sugars or – at
low concentrations of sugars – by the presence of inhibitory substances like NH3,
H2S, antibiotics (Hammes et al., 1979; Hilpert et al., 1981), or xenobiotics. In conse-
quence, the H2 partial pressure increases and volatile fatty acids are generated (Win-
ter, 1984; Winter et al., 1989; Wildenauer and Winter, 1985; Zellner and Winter,
1987b). Once propionate or n-butyrate are produced, anaerobic degradation requires
acetogens for â oxidation (Fig. 1.4, route b).

1.2.7.2 Anaerobic Degradation of Protein
Proteins are biological macromolecules, either soluble or solid (e.g., feathers, hair,
nails). Outside the cell at an acid pH or in the presence of enzymes, soluble proteins
precipitate, e.g., precipitation of casein by addition of rennet enzyme. The reaction
sequences necessary for protein degradation in a methanogenic ecosystem are out-
lined in Figure 1.5. Hydrolysis of precipitated or soluble protein is catalyzed by sev-
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eral types of proteases that cleave membrane-permeable amino acids, dipeptides, or
oligopeptides. In contrast to the hydrolysis of carbohydrates, which proceeds favor-
ably at a slightly acid pH, optimal hydrolysis of proteins requires a neutral or weak-
ly alkaline pH (McInerney, 1988). In contrast to the fermentation of carbohydrates,
which lowers the pH due to volatile fatty acid formation, fermentation of amino ac-
ids in wastewater reactors does not lead to a significant pH change, due to acid and
ammonia formation. Acidification of protein-containing wastewater proceeds opti-
mally at pH values of 7 or higher (Winterberg and Sahm, 1992), and ammonium
ions together with the CO2–bicarbonate–carbonate buffer system stabilize the pH.
Acetogenesis of fatty acids from deamination of amino acids requires a low H2 par-
tial pressure for the same reasons as for carbohydrate degradation. This can be
maintained by a syntrophic interaction of fermentative, protein-degrading bacteria
and acetogenic and methanogenic or sulfate-reducing bacteria. Except for syntroph-
ic interaction of amino acid-degrading bacteria with methanogens for maintenance
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of a low H2 partial pressure, clostridia and presumably also some other sludge bac-
teria may couple oxidative and reductive amino acid conversion via the Stickland re-
action. One amino acid, e.g., alanine (Eq. 4) is oxidatively decarboxylated and the hy-
drogen or reducing equivalents produced during this reaction are used to reductive-
ly convert another amino acid, e.g., glycine, to acetate and ammonia (Eq. 5).

CH3–CHNH2–COOH + 2 H2O → CH3–COOH + CO2 + NH3 + 2 H2 (4)
ÄG°b = +7.5 kJ mol–1

2 CH2NH2–COOH + 2 H2 → 2 CH3COOH + 2 NH3 (5)
ÄG°b = –38.9 kJ mol–1

For complete degradation of amino acids in an anaerobic system therefore, a syn-
trophism of amino acid-fermenting anaerobic bacteria with methanogens or sulfate
reducers is required (Wildenauer and Winter, 1986; Winter et al., 1987; Örlygsson et
al., 1995). If long-chain amino acids are deaminated (Eqs. 6–9), fatty acids such as
propionate, i-butyrate, or i-valerate are formed directly. The fatty acids require acet-
ogenic bacteria for their degradation.

valine + 2 H2O → i-butyrate + CO2 + NH3 + 2 H2 (6)
leucine + 2 H2O → i-valerate + CO2 + NH3 + 2 H2 (7)
i-leucine + 2 H2O → 2-methylbutyrate + CO2 + NH3 + 2 H2 (8)
glutamate + 2 H2O → propionate + 2 CO2 + NH3 + 2 H2 (9)

In contrast to carbohydrate degradation, where the necessity for propionate- and
butyrate-degrading acetogenic bacteria can be circumvented by substrate limitation
(Fig. 1.4a), during protein degradation these fatty acids are a product of deamina-
tion, and their formation cannot be avoided by maintaining a low H2 partial pres-
sure. In the methanogenic phase there is no difference in methanogenic activity
whether carbohydrates or proteins are fermented, except that the methanogens in a
reactor fed with protein need to be more tolerant to ammonia and higher pH.

1.2.7.3 Anaerobic Degradation of Neutral Fats and Lipids
Fats and lipids are another group of biopolymers that contribute significantly to the
COD in sewage sludge, cattle and swine manures, and wastewater from the food in-
dustry, e.g., slaughterhouses or potato chip factories (Winter et al., 1992; Broughton
et al., 1998). To provide a maximum surface for hydrolytic cleavage by lipases or
phospholipases, solid fats, lipids, or oils must be emulsified. Glycerol and saturated
and unsaturated fatty acids (palmitic acid, linolic acid, linolenic acid, stearic acid,
etc.) are formed from neutral fats. Lipolysis of phospholipids generates fatty acids,
glycerol, alcohols (serine, ethanolamine, choline, inositol), and phosphate. Lipolysis
of sphingolipids generates fatty acids and amino alcohols (e.g., sphingosine), and li-
polysis of glycolipids generates fatty acids, amino alcohols, and hexoses (glucose, ga-
lactose). A scheme for anaerobic degradation of fats is shown in Figure 1.6. Sugar
moieties and glycerol can be degraded to methane and CO2 by interaction between
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fermentative and methanogenic bacteria in low-loaded systems or by cooperation
between fermentative, acetogenic, and methanogenic bacteria in high-loaded
systems. The long-chain fatty acids are degraded by acetogenic bacteria by â oxida-
tion to acetate and molecular hydrogen. If acetate and molecular hydrogen accumu-
late, the anaerobic digestion process is inhibited (Hanaki et al., 1981). Odd-num-
bered fatty acids are degraded to acetate, propionate, and hydrogen, and even-num-
bered fatty acids to acetate and hydrogen (Bryant, 1979). Only at a very low H2 par-
tial pressure, which can be maintained by hydrogen-utilizing methanogens or
sulfate reducers, is â oxidation of at least n-butyrate or propionate exergonic. Meth-
anol, ethanol, and ammonia are formed from choline (Fig. 1.6). After hydrolysis,
fermentation, and acetogenesis of the fat components in the methanogenic phase
acetate, CO2, and hydrogen are converted to biogas. All subsequent intracellular re-
actions can be influenced by syntrophic interaction via interspecies hydrogen trans-
fer, except for the extracellular initial lipase reaction.
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Fig. 1.6 Anaerobic degradation of fats. 



Carbohydrates, proteins, fats, and biogenic oils can also be degraded anaerobical-
ly under thermophilic conditions. The overall degradation scheme is the same, but
the microorganism populations are different (e.g., Winter and Zellner, 1990). Ther-
mophilic fat degradation is becoming more important in practice, since waste fat
from fat separators and fat flotates of the food industry are often cofermented in ag-
ricultural biogas plants. Since, for hygienic reasons, the input material must be au-
toclaved, a thermophilic process should be used, keeping the fat in a melted, soluble
form for more effective metabolism. Biogas plants with cofermentation of waste fat
residues are considered waste treatment systems (Chapter 11, this volume) and
must be designed to meet the hygienic demands relevant to treatment of the respec-
tive waste.

1.2.8
Competition of Sulfate Reducers with Methanogens in Methane Reactors

Municipal wastewater or wastewater from sugar production, slaughterhouses, brew-
eries, etc., normally contains less than 200 mg L–1 of sulfate. If sulfuric acid is used,
e.g., to clean stainless steel containers and pipes in the dairy industry or to maintain
an acid pH in bioreactors for bakers’ yeast or citric acid production, or if ammoni-
um sulfate is used to inhibit metabolic routes in bakers’ yeast for the production of
biochemicals, the wastewater contains large amounts of sulfate. Sulfite-containing
wastewater is also generated by the starch and cellulose industry during bleaching
of the raw products.

If these wastewaters are subjected to anaerobic treatment, the methanogenic bac-
teria must compete with sulfate reducers for the hydrogen equivalents from COD
degradation (Omil et al., 1998). In anaerobic digesters sulfate reduction is the fa-
vored reaction, due to the higher affinity of sulfate reducers for reducing equivalents
or hydrogen, leading to sulfide production at the expense of reduced biogas forma-
tion. Sulfide subsequently forms heavy metal precipitates and, if still present in larg-
er amounts, remains in solution and may be toxic to acetogens and methanogens.
Some hydrogen sulfide leaves the reactor with the biogas, which may contain up to
a few percent of H2S. Then gas purification is necessary before the gas can be used
as fuel for gas engines. Hydrogen sulfide in biogas causes not only odor problems
but also corrosion of fermenters and pipes. Methanogenesis of dissolved and partic-
ulate organic material in sulfate-rich wastewater is possible, if acidogenesis and sul-
fate reduction (stripping of H2S together with CO2) is separated from methanogen-
esis in a phased or a staged process (Lens et al., 2002). The higher affinity of sulfate
reducers than methanogens for reducing equivalents can also be used for sulfate
and heavy metal ion removal from wastewater in the first stage of a two-stage anaer-
obic process (Elferink et al., 1994). 

In comparison to methanogens, which have a rather restricted substrate spec-
trum (Table 1.3), sulfate reducers are metabolically more versatile. Sulfate reducers
can utilize polymers such as starch, monomers such as sugars, fatty acids, formate,
aliphatic and aromatic compounds, as well as molecular hydrogen (Widdel, 1988) to
generate reducing equivalents for sulfate reduction (Eq. 10):
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8 (H) + 2 H+ + SO4
2– → H2S + 4 H2O (10)

Undissociated hydrogen sulfide is toxic to both methanogens and sulfate reduc-
ers. A 50% inhibition of methanogenesis was observed at a total sulfide concentra-
tion of 270 mg L–1 (Oleszkiewicz et al., 1989), whereas 85 mg L–1 sulfide inhibited
sulfate reducers (McCartney and Oleszkiewicz, 1991). For stable methanogenesis,
no more than 150 mg L–1 sulfide should be accumulated (Speece et al., 1986). H2S
toxicity can be avoided by intensive flushing with biogas to strip the H2S for adsorp-
tion onto Fe2(OH)3. If large amounts of H2S are formed during anaerobic treat-
ment, essential heavy metal ions for methanogens (Fe, Ni, Mo, Co, etc.) may be pre-
cipitated as sulfides, which may lead to deficiencies in heavy metal bioavailability for
the wastewater population.

The metabolites of the fermentative and acetogenic phase of anaerobic wastewa-
ter treatment systems, mainly acetate and CO2 + H2, are substrates for methano-
gens and for sulfate reducers. If wastewater with a high sulfate concentration is
treated in a methane reactor, the population may gradually shift from hydrogeno-
trophic methanogens toward hydrogenotrophic sulfate reducers, due to a more fa-
vorable Ks value for hydrogen of the sulfate reducers. For pure cultures of Desulfo-
vibrio sp. the Ks value for hydrogen is 1 ìM, but for hydrogenotrophic methanogens
it is only 6 ìM (Kristjansson et al., 1982). For acetate, such a dramatic disadvantage
of methanogens was not observed. The affinities of sulfate reducers and of methan-
ogenic bacteria (valid at least for Methanosaeta sp.) for hydrogen are in the same
range, 0.2–0.4 ìM (Elferink et al., 1994). 

1.2.9
Amount and Composition of Biogas During Fermentation of Carbohydrates, 
Proteins, and Fats

From an economic point of view, the specific biogas amounts and the biogas quality
from anaerobic treatment of wastewater and sludge are important process parame-
ters. Therefore, a basis for prediction of amount and composition of biogas was
elaborated as early as the 1930s (Buswell and Neave, 1930; Buswell and Sollo 1948;
Buswell and Mueller, 1952). If the elemental composition of a wastewater is known,
the theoretical amount and composition of the biogas can be predicted with the Bus-
well equation (Eq. 11). The actual biogas amount is lower and can be calculated by
including a correction factor for the degree of degradability, the pH (which influenc-
es CO2 absorption), and a 5%–10% discount for biomass formation.

CcHhOoNnSs +1/4 (4c–h –2o+ 3n+2s)H2O → 1/8 (4c –h+2o+3n+ 2s)CO2 (11)
+ 1/8 (4c + h – 2o – 3n – 2s)CH4 + nNH3 + sH2S

According to the Buswell equation (Eq. 11), for the anaerobic treatment of a
wastewater with carbohydrates as pollutants, the gas composition should theoreti-
cally be 50% methane and 50% CO2 (Eq. 12):
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1 mol C6H12O6 → 3 mol CH4 + 3 mol CO2 (12)

Since CO2 is increasingly soluble in water with decreasing temperature and in-
creasing pH, CO2 reacts to form bicarbonate/carbonate, and the biogas may contain
more than 80% methane. The total amount of gas is then diminished by the amount
of CO2 that is absorbed and solubilized in the liquid. From a fat- and protein-contain-
ing wastewater, theoretically more than 50% methane can be generated (Table 1.5).

1.3
Nitrogen Removal During Wastewater Treatment

Nitrogen-containing substances in wastewater are inorganic or organic. Together
with phosphates, they represent the main source for eutrophication of surface wa-
ter. For this reason they must be eliminated together with the organic carbon during
wastewater treatment. Whereas phosphates form insoluble precipitates with many
heavy metal ions and the precipitates can be separated by sedimentation or flotation,
all nitrogen compounds, except for magnesium ammonium phosphate, are easily
soluble in water and thus cannot be removed chemically by precipitation. For bio-
logical removal of amino nitrogen and of heterocyclic nitrogen compounds, their
conversion to ammonia in an aerobic or anaerobic treatment process is the first
step. Then ammonia must be nitrified, and the nitrate denitrified to yield nitrogen.
Thus, depending on the kind of nitrogen compounds present in wastewater, nitro-
gen removal requires up to three processes in sequence: ammonification, nitrifica-
tion, and denitrification.

The major portion of nitrogen compounds in municipal wastewater are reduced
nitrogen compounds such as ammonia, urea, amines, amino acids, and proteins.
Oxidized nitrogen compounds such as nitrate and nitrite normally are not present
at all or not in relevant amounts. Nitrate and nitrite may, however, represent the
main nitrogen load in wastewater of certain food or metal industry branches (Gen-
sicke et al., 1998; Zayed and Winter, 1998).
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Table 1.5 Amount of biogas, biogas composition, and energy content.

Substrate Amount Composition Energy content
(cm3 g –1) % CH4 % CO2 (kW h × m–3)d

Carbohydratesa 746.7 50 50 4.95

Fatsb 1434 71 29 7.02

Proteinsc 636 60 40 5.93

a Calculated for hexoses.
b Calculated for triglycerides containing glycerol plus 3 mol palmitic acid.
c Calculated for polyalanine and reaction of ammonia to (NH4)2CO3.
d at standard conditions



The ammonia in raw municipal wastewater is mainly derived from urine and is
formed in the sewer system by enzymatic cleavage of urea by ureases (Eq. 13):

NH2CONH2 + H2O → CO2 + 2 NH3 (13)

The residence time of the wastewater in the sewer system normally is not long
enough for a significant contribution of ammonia from other sources, e.g., proteo-
lysis and deamination of amino acids.

1.3.1
Ammonification

The main organic nitrogen compounds in municipal wastewater are heterocyclic
compounds (e.g., nucleic acids) and proteins. Proteolysis and degradation of amino
acids leads to liberation of ammonia by the various mechanisms of ammonification
(Rheinheimer et al., 1988), including hydrolytic, oxidative, reductive, and desatura-
tive deamination (Eqs. 14–17, respectively)

R–NH2 + H2O → R–OH + NH3 (14)
R–CHNH2COOH + H2O → R–CO–COOH + 2 (H) + NH3 (15)
R–CHNH2–COOH + 2 (H) → R–CH2–COOH + NH3 (16)
R–CH2–CHNH2–COOH → R–CH=CH–COOH + NH3 (17)

A significant amount of ammonia from urea cleavage or from ammonification of
amino acids is assimilated in aerobic treatment processes for growth of bacteria
(surplus sludge formation). It can be estimated that bacteria consist of roughly 50%
protein and that the nitrogen content of protein is about 16%. Thus, for synthesis of
1 g of bacterial biomass, about 0.08 g of ammonia-N is required. To eliminate am-
monia that is not used for cell growth during wastewater treatment, it must first be
nitrified and then denitrified to molecular nitrogen or anaerobically oxidized with
nitrite.

1.3.2
Nitrification of Ammonia

1.3.2.1 Autotrophic Nitrification
Autotrophic nitrifiers are aerobic microorganisms oxidizing ammonia via nitrite
(Eq. 18) to nitrate (Eq. 19). Organisms catalyzing nitrification (Eq. 18) belong to the
genera Nitrosomonas, Nitrosococcus, Nitrosolobus, Nitrosospira, and Nitrosovibrio, or-
ganisms catalyzing nitration (Eq. 19) include, e.g., members of the genera Nitrobact-
er, Nitrococcus, and Nitrospira.

NH4
+ + 1.5 O2 → NO2

– + 2 H+ + H2O (18)
NO2

– + 0.5 O2 → NO3
– (19)
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Ammonia oxidation to nitrite or nitrite oxidation to nitrate are energy-yielding
processes for the autotrophic growth of the nitrifying bacteria. CO2 is assimilated
via the Calvin cycle. Since the positive redox potential of the oxidizable nitrogen
compounds is not low enough to form NADH2 for CO2 reduction, NADH2 must be
formed by an energy-consuming reverse electron transport. For this reason, the
growth yield of nitrifying bacteria is low. Nitrosomonas sp., e.g., must oxidize 30 g
NH3 to form 1 g of cell dry mass (Schlegel, 1992).

The oxidation of ammonia by nitrifiers is initiated by an energy-neutral monooxy-
genase reaction that yields hydroxylamine (Eq. 20):

NH3 + XH2 + O2 → NH2OH + X + H2O (20)

Then hydroxylamine is further oxidized, presumably via nitroxyl (Eq. 21) to nitrite
(Eq. 22), which is the energy-yielding reaction during nitrification. For microbial ox-
idation of 1 mg NH4

+-nitrogen to nitrite, 3.42 mg O2 is required, and for the oxida-
tion of 1 mg NO2

–-nitrogen to nitrate (Eq. 19), 1.14 mg O2.

NH2OH + X → XH2 + (NOH) (21)
(NOH) + 0.5 O2 → HNO2 + energy (22)

Due to their slow growth autotrophic nitrifiers cannot successfully compete with
heterotrophic bacteria for oxygen. In a highly loaded activated sludge system, the au-
totrophic nitrifiers are overgrown by the heterotrophic sludge flora, which consume
the oxygen. Ammonia oxidation starts only if the BOD5 concentration in the waste-
water is <110 mg L–1 (Wild et al., 1971). During nitrification of ammonia the alkalin-
ity of the wastewater increases slightly, due to CO2 consumption for autotrophic
growth (pH increase), but in a counter reaction it drastically decreases due to nitric
acid formation from ammonia (pH decrease from above neutral to acidic). If the
buffer capacity of the wastewater is weak, the pH drops far below 7 and thus pre-
vents further nitrification by autotrophic nitrifiers (Rheinheimer et al., 1988).

1.3.2.2 Heterotrophic Nitrification
Some bacteria of the genera Arthrobacter, Flavobacterium, and Thiosphaera are able
to catalyze heterotrophic nitrification of nitrogen-containing organic substances
(Eq. 23):

R–NH2 → R–NHOH → R–NO → NO3
– (23)

Heterotrophic nitrifiers oxidize reduced nitrogen compounds, such as hydroxyla-
mine and aliphatic and aromatic nitrogen-containing compounds, but in contrast to
autotrophic nitrification, no energy is gained by nitrate formation. For this reason
an organic substrate must be respired to satisfy the energy metabolism (Schlegel,
1992) .
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Some heterotrophic nitrifiers can denitrify nitrate or nitrite under aerobic growth
conditions. The nitrogen metabolism of Thiosphaera pantotropha and Paracoccus de-
nitrificans are well documented examples (Stouthamer et al., 1997). These organ-
isms express a membrane-bound nitrate reductase under anoxic growth conditions,
which works only in the absence of molecular oxygen. Under aerobic growth condi-
tions a periplasmic nitrate reductase is expressed, which catalyzes nitrate reduction
at least to the state of nitrous oxide.

1.3.3
Denitrification: Nitrate Removal from Wastewater

Many aerobic bacteria seem to be able to switch their oxidative metabolism to nitrate
respiration. Similar to oxygen respiration, the nitrate respiration of heterotrophic
bacteria requires a complex carbon source as an electron source for denitrification
(e.g., Eqs. 24 and 25). Denitrification (Eq. 26) starts with the reduction of nitrate to
nitrite by membrane-bound nitrate reductase A (a). Then a membrane-bound nitrite
reductase (b) catalyzes NO formation. Finally, NO reductase (c) and N2O reductase
(d) form N2. The theoretical stoichiometry of denitrification with methanol or ace-
tate as a carbon source is shown in Eqs. 27 and 28. For practical application a sur-
plus of carbon source must be supplied, since the wastewater is not free of oxygen,
and part of the carbon source is respired until anoxic conditions are achieved.

To evaluate the stoichiometry of nitrate to organic compounds for denitrification
with a complex carbon source, the oxidation–reduction state of the carbon sub-
strates and the oxygen concentration in the wastewater should be known. In waste-
water treatment plants more than 2.85 g COD is required for reduction of 1 g 
NO3

– –N (Bernet et al., 1996).

CH3OH + H2O → CO2 + 6 H+ + 6 e– (24)
CH3COOH + 2 H2O → 2 CO2 + 8 H+ + 8 e– (25)

NO3
– NO2

– NO 0.5 N2O 0.5 N2 (26)

5 CH3OH + 6 HNO3 → 5 CO2 + 3 N2 + 13 H2O (27)
5 CH3–COOH + 8 HNO3 → 10 CO2 + 4 N2 + 14 H2O (28)

Instead of nitrate, many denitrifying bacteria can use NO2
–, NO, or N2O as termi-

nal electron acceptors. Alternatively, they may release these intermediates during
denitrification of nitrate under unfavorable conditions, as was observed in soil (Con-
rad, 1996). If, e.g., surplus nitrate is supplied and hydrogen donors are not suffi-
ciently available, NO and N2O can be formed (Schön et al., 1994). Another condition
for N2O formation is a pH below 7.3, at which nitrogen oxidoreductase is inhibited
(Knowles, 1982).

Except for dissimilatory nitrate reduction, many aerobic and anaerobic bacteria
are capable of assimilatory nitrate reduction to supply the cells with ammonia for
growth (Eqs. 29 and 30). However, the enzymes for nitrate assimilation are ex-
pressed only at concentrations of ammonia <1 mM.

e–

→
d0

e–

→
c0

e–

→
b0

2 e–

→
a0
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NO3
– NO2

– HNO NH2OH NH3 (29)

HNO3 + 8 (H) → NH4
+OH– + 2 H2O (30)

Here, nitrate reductase B (enzyme a in Eq. 29) reduces nitrate to nitrite, which is
then reduced to ammonia by the nitrite reductase complex (enzyme b in Eq. 29).
Whereas nitrate reduction by the oxygen-sensitive, membrane-bound enzyme ni-
trate reductase A conserves energy, no energy conservation is possible in the reac-
tion catalyzed by the soluble enzyme nitrate reductase B, which is not repressed by
oxygen. For details on the cell biology and the molecular basis of denitrification,
please refer to Zumft (1997).

1.3.4
Combined Nitrification and Denitrification

A strict separation of the reactions participating in aerobic, autotrophic nitrification
and in anoxic, heterotrophic denitrification is not required, as concluded from N15-
tracer experiments (Kuenen and Robertson, 1994). Autotrophic ammonia oxidizers
seem to be able to produce NO, N2O, or N2 from nitrite if oxygen is limited, and am-
monia as well as nitrite oxidizers can be isolated from anaerobic reactors (Kuenen
and Robertson, 1994). Nitrosomonas europaea can use nitrite as an electron acceptor
and pyruvate as an energy source under anoxic, denitrifying growth conditions (Ab-
eliovich and Vonshak, 1992). In addition, several strains of Nitrobacter sp. were re-
ported to denitrify during anoxic, heterotrophic growth (Bock et al., 1986).

Aerobic denitrification by Thiosphaera pantotropha was first described by Robert-
son and Kuenen (1984). T. pantotropha respires molecular oxygen and denitrifies ni-
trate simultaneously, provided that suitable electron acceptors are available. The
conversion rate of acetate as electron donor with nitrate as electron acceptor was
twice as high when the concentration of molecular oxygen was <30% of air satura-
tion compared to 30%–80% air saturation (Robertson et al., 1988). Respiration, si-
multaneous nitrification, and denitrification were observed in the presence of oxy-
gen and ammonia. During heterotrophic denitrification by T. pantotropha, ammo-
nia is first oxidized to hydroxylamine by an ammonia monooxygenase, with ubiqui-
none serving as electron donor. Hydroxylamine is subsequently oxidized to nitrite
by a hydroxylamine oxidoreductase. During coupled nitrification–denitrification, 3
of the 4 electrons from the oxidation of hydroxylamine are used for reduction of ni-
trite to nitrogen and are not available to the electron transport reaction catalyzed by
cytochrome oxidase. Regeneration of ubiquinone is mediated by electrons that are
generated during oxidation of an organic substrate (heterotrophic nitrification).

Conversion rates of ammonia by heterotrophic nitrifiers such as T. pantotropha
(Kuenen and Robertson, 1994) are smaller than those of autotrophic nitrifiers (35.4
for T. pantotropha versus 130–1550 nmol NH3 min–1 mg–1 dry weight for Nitrosomo-
nas sp.). If, however, the higher population density of heterotrophic nitrifiers, re-
sulting from higher growth rates, is taken into consideration, the specific conver-
sion rates are in a similar range. Heterotrophic nitrifiers can, in addition to their nit-
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rifying capability, denitrify nitrite or nitrate to molecular nitrogen. In many waste-
water treatment plants autotrophic nitrifiers may exist, producing nitrite from am-
monia under moderately aerobic conditions; the ammonia is then converted to ni-
trate and/or reduced to nitrogen by heterotrophic nitrifiers in the presence of a suit-
able carbon source. In practice, the only disadvantage of heterotrophic nitrification
is more surplus sludge generation for final disposal.

1.3.5
Anaerobic Ammonia Oxidation (Anammox®)

To date, two anaerobic ammonia-oxidizing bacteria species have been isolated and
preliminarily classified in the order Planctomycetales as candidatus Brocardia
anammoxidans and candidatus Kuenenia stuttgartiensis. Under anaerobic conditions
ammonia is oxidized to nitrite in membrane-bound intracytoplasmic anammoxo-
soms (Schmidt et al., 2003).

In the Anammox process ammonia is oxidized to nitrogen, with nitrite serving as
electron acceptor (Van de Graaf et al., 1995). Use of N15 isotopes indicated that ni-
trite is reduced to hydroxylamine (Eq. 31), which then reacts with ammonia to yield
hydrazine (N2H4, Eq. 32). By oxidation of hydrazine to molecular nitrogen (Eq. 33),
four reducing equivalents are generated, which are required for nitrite reduction to
hydroxylamine (Van de Graaf et al., 1997).

2 HNO2 + 4 XH2 → 2 NH2OH + 2 H2O + 4 X (31)
2 NH2OH + 2 NH3 → 2 N2H4 + 2 H2O (32)
2 N2H4 + 4 X → 2 N2 + 4 XH2 (33) 

Since the redox state is balanced in the above reactions, reducing equivalents for
CO2 reduction by the autotrophic microorganisms must be generated by oxidation
of nitrite to nitrate (Eq. 34):

HNO2 + H2O + NAD → HNO3 + NADH2 (34)

Per mol of ammonia, 0.2 mol nitrate is generated and 20 mg biomass is produced
(Van de Graaf et al., 1996). The Anammox process seems to be suitable for nitrogen
removal in ammonia-rich effluents of anaerobic reactors that are fed with wastewa-
ter rich in TKN compounds. Nitrogenous compounds can be eliminated from this
wastewater by a combination of nitrification for nitrite supply and anaerobic ammo-
nia oxidation (Strous et al., 1997). The process is sensitive to high, toxic nitrite con-
centrations of 70–180 mg N L–1 (depending on the kind of biomass). Furthermore,
due to the low growth rate of the anammox bacteria, a startup time of 100–150 days
with activated sludge as inoculum seems to be necessary (Schmidt et al., 2003).

In oxygen-limited environments (e.g. oxic–anoxic interfaces of biofilms or sludge
flocs) aerobic and anaerobic ammonia oxidizers are natural partners. The ammonia
is oxidized to nitrite and concomitantly the oxygen level is decreased. The anammox
bacteria disproportionate the nitrite and the remaining ammonia to N2. When am-
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monia is limited, the affinities of aerobic and anaerobic ammonia oxidizers may
lead the natural partners to change to competitors (Schmidt et al., 2002). Other ex-
amples of ‘uncontrolled’ anammox activities were observed in different wastewater
treatment plants with uncharacterized high ammonium losses.

1.3.6
New N-removal Processes

The metabolic versatility of nitrogen-converting bacteria offers new concepts for ni-
trogen removal processes to treat wastewater. A partial nitrification of ammonia to
nitrite (nitritation) would have the advantage of saving a significant amount of oxy-
gen for the nitrification process, as compared to nitratation of ammonia. However,
nitrite is toxic and must be kept below toxic concentrations. In a subsequent denit-
rification process, fewer reducing equivalents from the degradation of different car-
bon sources, which often are a limiting factor in wastewater treatment plants, are
then required. In the SHARON process, which is a single reactor system for rapid
ammonia oxidation to nitrite and subsequent denitrification of the nitrite with
methanol, nitrite oxidizers that would generate nitrate are outcompeted by the slow-
ly metabilizing ammonia oxidizers after a temperature shift toward higher tempera-
tures, due to the higher temperature tolerance of the ammonia oxidizers, and by no
sludge retention or sludge return in the reactor (Hellinga et al., 1998). Aeration was
switched off periodically and denitrification of nitrite was initiated by adding meth-
anol as a carbon source. The SHARON process in full scale was used to treat sludge
liquor at the Rotterdam wastewater treatment plant (Mulder et al., 2001). The partial
nitrification of ammonia to nitrite led to an ammonia/nitrite ratio that was suitable
for a subsequent Anammox process in which nitrite was denitrified to N2 with am-
monia instead of methanol as the electron donor. This process was finally estab-
lished in full-scale at the Rotterdam wastewater treatment plant (Schmidt, 2003).

Partial ammonia oxidation to nitrite and anaerobic oxidation of ammonia in one
aerated reactor is the concept behind the CANON process (completely autotrophic
nitrogen removal over nitrite) (Van Lossdrecht and Jetten, 1997). Aerobic and anaer-
obic ammonia-oxidizing bacteria cooperate as long as the nitrifying bacteria con-
sume oxygen and create anoxic conditions for the anaerobic ammonia-oxidizing
bacteria. 

Another possibility for removing ammonia in one single step without using an or-
ganic carbon source is the OLAND process (oxygen-limited nitrification and denit-
rification) (Kuai and Verstraete, 1998). Conversion of ammonia to N2 is catalyzed by
aerobic nitrifiers and anaerobic granular sludge as a source of Planctomycetes includ-
ing anaerobic ammonia-oxidizing bacteria (Pynaert et al., 2004). 

Other nitrogen-removal processes also exist, such as the NOx process (simultane-
ous nitrification and denitrification of Nitrosomonas-like microorganisms under ful-
ly oxic conditions) and aerobic deammonification (conversion of ammonia to N2

and nitrate), which allow ammonia removal without COD. An overview of these
new concepts was presented by Schmidt et al., 2003.
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1.4
Enhanced Biological Phosphate Removal

Based on an early observation that microorganisms take up more phosphate than
required for cell growth, it was found that single cells accumulate polyphosphate in
granules containing a few to several thousand phosphate units (Egli and Zehnder,
1994). Phosphate constitutes up to 12% of the cell weight of polyphosphate-accumu-
lating bacteria, whereas bacteria that do not accumulate polyphosphate contain only
1%–3% phosphate (van Loosdrecht et al., 1997b). The accumulated polyphosphate
is assumed to be an energy source for substrate assimilation during anaerobic
growth conditions and poly-â-hydroxyalkanoate (PHA) synthesis. Evidence suggests
that degradation of polyphosphate may be used to regulate intracellular pH under
alkaline conditions (Seviour et al., 2003). For biological phosphate removal by ‘luxu-
ry phosphate uptake’, the polyphosphate-accumulating bacteria in wastewater have
to be subjected in sequence to an anaerobic and an aerobic environment. All previ-
ous attempts to isolate polyphosphate-accumulating bacteria (culture-dependent ap-
proach) led to recovery of Acinetobacter sp. which belongs to the ã-Proteobacteria
and is the model organism for explanation of the polyphosphate accumulation
mechanism found in textbooks. However, pure cultures of the polyphosphate-accu-
mulating Acinetobacter sp. and wastewater communities seem to behave differently
(van Loosdrecht et al., 1997a). A major discrepancy is that Acinetobacter sp. do not
play a dominant role in activated sludge systems, as deduced from a survey using
specific gene probes (Wagner et al., 1994). The culture-independent approach led to
a mixed population for enhanced biological phosphorous removal (EBPR). The
phosphorous-removing members (>10% of the total population) were assigned to
the â-Proteobacteria (Rhodocylus group e.g. candidatus Accumulibacter phosphatis),
�-Proteobacteria and Actinobacteria (Microlunatus phosphoruvorus) and to members
of the Cytophaga–Flexibacter–Bacteroides division (Seviour et al., 2003).

In Acinetobacter sp. polyphosphate accumulation is closely interconnected with
poly-â-hydroxybutyrate (PHB) and glycogen metabolism (van Loosdrecht et al.,
1997b). Under anaerobic conditions in the absence of nitrate, acetate is taken up by
Acinetobacter cells, metabolized to â-hydroxybutyrate, polymerized to PHB, and
stored intracellularly in inclusion bodies. Reducing equivalents for PHB formation
from acetate are made available by glycolysis of glucose units from stored glycogen
or are alternatively formed by other microorganisms for EBPR in an anaerobically
operating TCA cycle. The energy for polymerization comes from hydrolysis of the
anhydride bonds of ATP and polyphosphate. To supply both the maintenance me-
tabolism and the storage metabolism of Acinetobacter with sufficient energy under
anaerobic conditions, anhydride bonds in polyphosphate are hydrolyzed, and inor-
ganic phosphate is excreted (phosphate resolubilization) (Smolders et al., 1994).
Stored glycogen in microorganisms for EBPR may also provide ATP for PHA syn-
thesis. For storage of 1 mg fatty acids, about 0.6 mg orthophosphate is released
(Danesh and Oleszkiewicz, 1997). Under aerobic conditions two situations may be
prevalent. In wastewater that does not contain a suitable carbon source for respira-
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tion, Acinetobacter sp. hydrolyze PHB, which is stored in the granules, and respire
the â-hydroxybutyrate to gain energy for growth, maintenance, formation of glyco-
gen, and polymerization of phosphate, which is taken up from the wastewater. In
the presence of oxygen much more Pi is taken up by Acinetobacter sp. from the acti-
vated sludge flora than is released under anaerobic conditions (‘luxury uptake’).
Danesh and Oleszkiewicz (1997) reported that approximately 6 to 9 mg volatile fatty
acids are required for biological removal of 1 mg phosphorous.

In wastewater that contains suitable carbon sources for Acinetobacter sp., these
carbon sources are partially oxidized by the TCA cycle and are partially used for
PHB formation (Kuba et al., 1994). Since reducing equivalents are needed for PHB
formation, less ATP is formed by oxidative phosphorylation. The lower ATP yield is
compensated by the energy from hydrolysis of polyphosphate to Pi, which the cells
use to form ADP from AMP. Two moles of ADP are disproportionated to AMP and
ATP by adenylate kinase, and little Pi is released into the medium.

Except for obligately aerobic bacteria of the genus Acinetobacter, nitrate-reducing
bacteria compete with microorganisms for EBPR for organic substrates, e.g., vola-
tile fatty acids such as acetate. Nitrate-reducing bacteria also can eliminate phos-
phate from the aqueous environment (Kerrn-Jespersen and Henze, 1993). The si-
multaneous presence of obligately aerobic bacteria and nitrate-reducing bacteria in
activated sludge may explain why, in the presence of nitrate in the anaerobic phos-
phate resolubilization phase (oxygen absent), Pi does not accumulate in the medi-
um. The denitrifying, polyphosphate-accumulating bacteria apparently do not in-
hibit Pi excretion by Acinetobacter, but they take up phosphate and accumulate it as
polyphosphate. This may explain why resolubilization of phosphate by degradation
of stored polyphosphate is not always observed in wastewater treatment plants for
biological phosphate removal. Another possibility may be the inhibitory effect of ni-
tric oxide (Section 1.3) on adenylate kinase, which is involved in polyphosphate deg-
radation in Acinetobacter sp. .

For biological phosphate accumulation, the ability of cells to store reserve materi-
al plays an essential role. Polymerization of substrates and storage in intracellular
granules may offer the advantage that, at times of substrate shortage or in an envi-
ronment with low concentrations of substrates (at low km values), such organisms
can survive much better than other heterotrophic bacteria that do not have effective
strategies for substrate storage.

Biological phosphate elimination is a highly effective process leading to final con-
centrations in the wastewater of <0.1 mg L–1 phosphate. For optimal biological
phosphate removal, the COD/P ratio in the wastewater should be about 20 g COD
g–1 phosphate to permit good growth of the polyphosphate-accumulating bacteria. If
biological phosphate elimination is used in combination with chemical precipita-
tion, the minimum COD/P ratio should be 2 g COD g–1 phosphate (Smolders et al.,
1996) in processes with or without separation of primary sludge. If most of the par-
ticulate COD is separated in a primary sedimentation pond, ferrous ions should be
added to supplement the biological phosphate removal with chemical precipitation.
If no presedimentation of sludge is available or the sedimentation efficiency is low,
no ferrous ions have to be added (van Loosdrecht et al., 1997b). A detailed descrip-
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tion of the state of the art concerning biological phosphate elimination was given by
Schön (1999).

Problems with the stability of the EBPR process in wastewater treatment plants
were periodically reported. The reason for this may be the occurrence of microor-
ganisms known as glycogen nonpolyphosphate-accumulating organisms (GAOs).
These bacteria are selected under EBPR operation conditions (alternating anaero-
bic–aerobic phases during treatment) and compete with microorganisms for EBPR
for the available volatile fatty acids (Blackall et al., 2002). Filipe et al. (2001) suggest-
ed an important role of pH during anaerobic and aerobic operation of reactors:
growth of GAOs is favored at low pH, but at a pH of 7–7.5 the microorganisms for
EBPR outcompete the GAOs. Further research is required to elucidate conditions
under which GAOs are inhibited and growth of EBPR biomass is promoted. 

1.5
Biological Removal, Biotransformation, and Biosorption of Metal Ions 
from Contaminated Wastewater

Whereas solid organic and inorganic material in wastewater or sludge can be re-
moved by sedimentation, soluble organic pollutants and xenobiotics should be elim-
inated from the aqueous environment by microbial mineralization or anaerobic
degradation to gaseous products, with a varying portion (5%–50%) being used as
substrates for bacterial growth. Most of the inorganic components present in waste-
water are soluble and are ionized. Trace amounts of many cations (e.g., Na+, K+,
Ca2+, Fe2+, Ni2+, Co2+, Mn2+, Zn2+, etc.) and anions (e.g., PO4

3–, Cl–, S2–) are essential
micronutrients for bacterial growth. Other cations such as ammonia may also be re-
quired for bacterial growth, but the surplus amount must be oxidized to nitrate, and
the nitrate denitrified to gaseous nitrogen, for N elimination from wastewater.
Under anaerobic conditions sulfate is reduced to sulfide, low amounts of which are
required for growth of bacteria. The sulfide not required for growth is toxic for bac-
teria if present as H2S in high concentrations. In anaerobic reactors at a slightly al-
kaline pH, most of the sulfide is precipitated as heavy metal sulfides; then it is
harmless to microorganisms and their environment. To support detoxification,
heavy metal ions may also be precipitated chemically.

Metal ion contaminants in wastewater can be removed by microorganisms by ei-
ther a direct or indirect influence on the redox state of the metal ions or through bio-
sorption of metal ions on the cell surface (Lovley and Coates, 1997). Some microor-
ganisms have also developed resistance mechanisms against toxic metals by chang-
ing the oxidation state without supporting anaerobic growth. Certain bacteria,
yeasts, fungi, and algae can actively accumulate intracellular metal ions against a
gradient. The process of bioaccumulation of metal ions depends on living, metabo-
lically active cells, whereas biosorption is a passive, energy-independent process that
can be mediated also by inactive cell material. Biosorption of metal ions includes
mechanisms such as ion exchange, chelation, matrix entrapment, and surface sorp-
tion (Unz and Shuttleworth, 1996). After biosorption or active removal of metal ions
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from wastewater or contaminated soil, the heavy metal-containing biomass must be
separated and incinerated or regenerated by desorption or remobilization of the
metals. As an example of successful biosorption, wastewater from the galvanizing
industry that contained 29 mg L–1 Zn and 10.5 mg L–1 Fe was purified in a three-
stage stirred-reactor cascade. With 15 g biomass, 7.5 L of wastewater was decontam-
inated (Brauckmann, 1997). The removal of metal ions by biologically catalyzed
changes in the redox state is an alternative. The altered speciation (valence status) of
metals can lead to precipitation, solubilization, or volatilization of the metal ions.

Many bacteria use metal ions as electron acceptors for anaerobic respiration. Ex-
amples are the reduction of Fe3+, Cr6+, Mn4+, Se6+, As5+, Hg2+, Pb2+, or U6+ (Table
1.6). The dissimilatory metal-reducing bacteria can use H2 or organic pollutants
(e.g., xenobiotics) as electron donors and are capable of simultaneously removing
organic and inorganic contaminants. Metal ions are reduced and precipitated by sul-
fide that is generated by sulfate-reducing bacteria.

Solubilization of most heavy metal precipitates is favored at acid pH, which is the
favorable pH for soil or sludge decontamination, whereas an alkaline pH is favor-
able for precipitation of heavy metal ions to decontaminate wastewater.

An example of the formation of precipitates or soluble compounds at different re-
dox states occur in ferrous and manganese compounds. Under aerobic conditions
Fe(III) (ferric iron) and Mn(IV) ions form insoluble Fe(III) and Mn(IV) oxides or hy-
droxides, but under anaerobic conditions they form soluble Fe(II) compounds (fer-
rous iron) or Mn(II) compounds. Most organisms that grow with energy conserved
during reduction of Fe(III) or Mn(IV) are members of the Geobacteriaceae. Transfer
of electrons from the terminal reductase, localized in the outer membrane or at the
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Table 1.6 Metals as electron acceptors for anaerobic respiration.

Reaction Microorganism Reference

2 Fe3+ + H2 ↔ 2 Fe2+ + 2 H+ Geobacter metallireducens Lovley and Lonergan (1990)
Pelobacter carbinolicus Lovley et al. (1995)

Mn4+ + H2 ↔ Mn2+ + 2 H+ Geobacter metallireducens Lovley (1991)
mixed culture Langenhoff et al. (1997)

2 Cr6+ + 3 H2 ↔ 2 Cr3+ + 6 H+ Desulfovibrio vulgaris Lovley and Phillips (1994)
Bacillus strain QC1-2 Campos et al. (1995)

Se6+ + H2 ↔ Se4+ + 2 H+ Thauera selenatis Macy et al. (1993)
strains SES-1; SES-3

Se6+ + 3 H2 ↔ Se0 + 6 H+ Oremland et al. (1989)

Te4+ + 2 H2 ↔ Te0 + 4 H+ Schizosaccharomyces pombe Smith (1974)

Pb2+ + H2 ↔ Pb0 + 2 H+ Pseudomonas maltophila Lovley (1995)

As5+ + H2 ↔ As3+ + 2 H+ Geospirillum arsenophilus Ahmann et al. (1994)

Hg2+ + H2 ↔ Hg0 + 2 H+ Escherichia coli Robinson and Tuovinen (1984)
Thiobacillus ferrooxidans

U6+ + H2 ↔ U4+ + 2 H+ Shewanella putrefaciens Lovley et al. (1991)



cell surface, to the insoluble Fe(III) or Mn(IV) oxides outside the cells can proceed
either in a direct way (contact between the oxides and the cells) or by ‘soluble elec-
tron shuttles’ (e.g., by humic substances) between the metal-reducing microorgan-
ism and the mineral (Lloyd, 2003). Since Fe is an essential element for microorgan-
isms, aerobic bacteria must excrete siderophores, which bind Fe3+ to their phenolate
or hydroxamate moiety and supply the cells with soluble Fe2+. To accelerate Fe3+ re-
duction in biotechnological processes, the chelator nitrilotriacetic acid can be added.
In addition to their use in synthesis of cell components (e.g., cytochromes, ferredox-
in, etc.), Fe2+ salts can be electron donors for nitrate reduction (Straub et al., 1996).

The reduction of Hg2+ to metallic Hg by Escherichia coli or Thiobacillus ferrooxi-
dans facilitates Hg separation and prevents methylation reactions under aerobic or
sulfate-reducing conditions. The mechanism includes nonenzymatic transfer of
methyl groups from methylcobalamin to Hg2+ to form methyl mercury or dimethyl
mercury, which are both neurotoxins and become enriched in the food chain. Sele-
nium and arsenic can be transformed microbiologically by methylation to dimethyl
selenide or to di- or trimethyl arsine in a volatile form. Methylated arsenic com-
pounds are less toxic than nonmethylated arsenic compounds (White et al., 1997).

Changing the redox state of natural and anthropogenic radionuclides by metal-re-
ducing microorganisms offers a possibility to control their solubility and mobility by
converting, e.g., U6+ to U4+, Pu5+ to Pu4+, or Np5+ to Np4+. The tetravalent metals can
be removed by chelators (e.g., EDTA) or by immobilization onto biomass from the
contaminated environment (Lloyd, 2003).

In contrast to bacteria, fungi are capable of leaching soluble as well as insoluble
metal salts, because they excrete organic acids such as citric acid, fumaric acid, lac-
tic acid, gluconic acid, oxalic acid, or malic acid, which dissolve metal salts and form
complexes with the metal ions. The leaching efficiency depends on the soil micro-
flora. Some soil microorganisms seem to be able to degrade the carbon skeleton of
the metal–organic complex and thus immobilize the metal ions again (Brynhildsen
and Rosswall, 1997). 

Mixed bacterial cultures or Wolinella succinogenes use perchlorate or chlorate as
electron acceptors for respiration (Wallace et al., 1996; van Ginkel et al., 1995) and
thus detoxify these chemicals.

1.5.1
Sulfate Reduction and Metal Ion Precipitation

Sulfate-reducing bacteria are biotechnologically relevant to sulfate removal or heavy
metal precipitation in wastewater or waste and to the elimination of SO2 during off-
gas purification. An overview of applications of sulfate-reducing microorganisms in
environmental biotechnology is given by Lens et al. (2002). Sulfate is the terminal
electron acceptor and is reduced to sulfide, with reducing equivalents derived from
the degradation of lactic acid or many other organic compounds (Widdel, 1988). Al-
ternatively, some sulfate reducers can also use molecular hydrogen. Sulfate reduc-
ers gain energy in an anaerobic electron transport chain (Hansen, 1994), leading to
sulfide, a weak dibasic acid, which dissociates according to Eq. 35.
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H2S ↔K1 H+ + HS– ↔K2 2 H+ + S2–

K1 = 1.02 × 10–7, K2 = 1.3 × 10–13 (25 °C) (35)

The total dissociation is described by Eq. 36:

K = = K1 K2 = 1.3 × 10–20 (36)

For precipitation of heavy metal ions, sulfide ions are necessary (Eq. 37):

Me2+ + S2– ↔ MeS (or) 2 Me+ + S2– ↔ Me2S (37)

The concentration of sulfide is pH-dependent. At acid pH only those metal sul-
fides of very low solubility can be precipitated. Thus, at acid pH, HgS, As2S3, CdS,
CuS, and PbS form precipitates, whereas at a more alkaline pH, ZnS, FeS, NiS, and
MnS form precipitates. Al2S3 and Cr2S3 are water soluble and cannot be removed by
precipitation or sedimentation. Zinc removal from zinc-contaminated groundwater
by microbial sulfate reduction and zinc sulfide precipitation in a 9-m3 sludge blan-
ket reactor was demonstrated and has been transferred to a full scale reactor of
1800 m3 (White and Gadd, 1996).

1.6
Aerobic and Anaerobic Degradation of Xenobiotics

Except for pesticides and insecticides, which are widely used in horticulture and
farming and small amounts of which are washed into the groundwater, many xeno-
biotics are spilled in the environment, by spot contamination or contamination of
large areas. Biological remediation of soil and groundwater contaminated with gas-
oline (e.g., Yerushalmi and Guiot, 1998) and the volatile fractions of diesel oil (e.g.,
Greiff et al., 1998), even at low temperatures (Margesin and Schinner, 1998), seems
to be no problem. Results of many laboratory and field studies with a variety of sub-
stances are available (e.g., Arendt et al., 1995; Hinchee et al., 1995a, b; Kreysa and
Wiesner, 1996). Except for studies in complex field or wastewater environments,
many xenobiotics can be degraded by aerobic or anaerobic pure or defined mixed
cultures (Table 1.7). These include monoaromatic and polyaromatic substances
with or without chloro substituents. Whereas the two-ring compound naphthalene
is relatively easily degradable by Pseudomonas sp. and Rhodococcus sp., the four-ring
compounds fluoranthene and pyrene are much less degradable by Rhodococcus sp.
(Bouchez et al., 1996). Aromatic compounds such as phenol and benzoic acid are
degradable by mixed consortia at rates up to 1g L–1 d–1 in either the presence or ab-
sence of oxygen (Mörsen and Rehm, 1987; Knoll and Winter, 1987; Kobayashi et al.,
1989). A potent population is required, which can be obtained by preincubation.
Even PCP is biodegradable by a methanogenic mixed culture from UASB granules
(Juteau et al., 1995; Wu et al., 1993; Kennes et al., 1996). Some pure cultures and
mixed cultures are capable of dechlorinating aromatic or aliphatic compounds

[H+] [S2–]

[H2S]
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(Table 1.7, second part). As for the aerobic and anaerobic degradation of phenol, the
rates of dechlorination of 2-chlorophenol under aerobic and anaerobic conditions
are the same order of magnitude, 102 and 128 mg L–1 d–1, respectively (Kafkewitz et
al., 1996; Dietrich and Winter, 1990). A pure culture of Pseudomonas pickettii was
used for aerobic dechlorination, but for anaerobic degradation a mixed culture was
used. The main problem in degradation of xenobiotic compounds in wastewater is a
too short residence time in the reactors, which does not allow selection or adapta-
tion of bacteria for dechlorination or degradation. Only if a permanent pollution is
prevalent, the degradation potential may develop with time. Alternatively, biofilm
reactors should be used to enrich dechlorinating and xenobiotic-degrading bacteria.

371.6 Aerobic and Anaerobic Degradation of Xenobiotics

Table 1.7 Aerobic and anaerobic degradation or dechlorination of xenobiotics.

Reaction Rate Microorganisms Reference
Substance (mg L–1 d–1)

Aerobic degradation

2-Hydroxy- 138 Rhodococcus rhodochrous De Wever et al. 
benzothiazole (1997)

Naphthalene 57 Pseudomonas sp. Bouchez et al. (1996)
Rhodococcus sp.

Fluoranthene 6.6 Rhodococcus sp. Bouchez et al. (1996)

Pyrene 6.6 Rhodococcus sp. Bouchez et al. (1996)

Pyrene 0.56 Mycobacterium flavescens Dean-Ross and 
Cerniglia (1996)

Toluene 57 Pseudomonas putida Heald and Jenkins
(1996)

Phenol 188 Bacillus sp. A2 Mutzel et al. (1996)

Phenol 1000 mixed immobilized culture Mörsen and Rehm
(1987)

Cresol (o, m, p) 259 mixed immobilized culture Mörsen and Rehm
(1987)

2,4-Diphenoxy-acetic 33 Alcaligenes eutrophusa Valenzuela et al.
acid JMP134 (pJP4)b (1997)

2,4,6-Trichlorophenol 15 JMP134 (pJP4)b Valenzuela et al. (1997)

Anaerobic degradation

Pentachlorophenol 107 methanogenic mixed culture, Juteau et al. (1995) 
(PCP) fixed film reactor

PCP 90 methanogenic mixed culture Wu et al. (1993)
UASB

PCP 4.4 methanogenic granules Kennes et al. (1996)

PCP 22.7 methanogenic mixed culture Juteau et al. (1995)
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Table 1.7 Aerobic and anaerobic degradation or dechlorination of xenobiotics (Continued).

Reaction Rate Microorganisms Reference
Substance (mg L–1 d–1)

Benzene 0.029 sulfate-reducing mixed culture Edwards and 
Gribić-Galic (1992)

Phenol 1000 methanogenic mixed culture Knoll and Winter
(1987)

Phenol 31 syntrophic mixed culture Knoll and Winter
(1989)

Phenol 200 syntrophic mixed culture Kobayashi et al. (1989)

Benzoic acid 600 syntrophic culture Kobayashi et al. (1989)

Toluene 0.1–1.5 sulfate-reducing mixed culture Edwards et al. (1992)

Toluene 4.6 methanogenic mixed culture Edwards and 
Gribić-Galic (1994)

Xylene 0.1–1.5 sulfate-reducing mixed culture Edwards et al. (1992)

Xylene 5.3 methanogenic mixed culture Edwards and 
Gribić-Galic (1992)

Aerobic Dechlorination

2-Chlorophenol 102 Pseudomonas pickettii Kafkewitz et al. (1996)

4-Chlorophenol 41 Pseudomonas pickettii Kafkewitz et al. (1996)

1,3-Dichloro-2- 671 Pseudomonas pickettii Kafkewitz et al. 
propanol (1996)

Tetrachloroethene 35.8 totalc anaerobic mixed culture Wu et al. (1995)

Anaerobic Dechlorination

2,6-Dichlorophenol 38.4 methanogenic mixed culture Dietrich and Winter
(1990)

4-Chlorophenol 0.43 sulfate-reducing consortium Häggblom (1998)

2-Chlorophenol 128 methanogenic mixed culture Dietrich and Winter
(1990)

2-Chlorophenol 1.66 anaerobic mixed culture Kuo and Sharak
Genthner (1996)

3-Chlorobenzoate 6.08 anaerobic mixed culture Kuo and Sharak
Genthner (1996)

3-Chloro-4-hydroxy- 29.9 Desulfitobacterium Sanford et al. (1996)
benzoate chlororespirans

Polychlorinated biphenyls (PCBs):

2,3,4,5,6-CBd 0.24 total methanogenic granules Natarajan et al. (1996)

2,3,4,5-CB 0.39 3,5-CBc anaerobic sediments Berkaw et al. (1996)

2,3,4,6-CB 13.3 tri-CBc anaerobic sediment Wu et al. (1996)

Tetrachloroethene 6.13 methanogenic granules Christiansen et al.
(1997)



1.7
Bioaugmentation in Wastewater Treatment Plants for Degradation of Xenobiotics

In biotechnology and pharmacology, mutants of bacteria or fungi or genetically engi-
neered organisms are widely used in the production of citric acid, gluconic acid, as-
corbate, and pharmaceuticals such as penicillin, insulin, and blood coagulation fac-
tors. Bacteria and fungi have also been adapted or genetically transformed for soil re-
mediation (Atlas, 1981; Margesin and Schinner, 1997, Korda et al., 1997; Megharai et
al., 1997). For wastewater and sludge stabilization however, successful use of geneti-
cally modified bacteria or of bacteria that can serve as donors for plasmids encoding
degradative enzymes has been rather rare (van Limbergen et al., 1998). Usually, nat-
ural selection of the most suitable microorganisms from a complex flora, simply by
adapting process parameters, is used. The limited reports on successful bioengineer-
ing for wastewater treatment may result from any of several factors:
• The plasmids were unstable or the genes are not expressed in the new environ-

ment.
• Inoculated strains did not survive or, if they survived, metabolic activity was too

low for successful competition with autochthonous strains.
• Inoculated strains, serving as a gene source, survived, but other strains were not

competent for gene transfer.
• Wastewaters normally contain a complex spectrum of carbon sources that are better

than xenobiotics, and so organisms do not express genes for degrading xenobiotics.

To increase the survival potential in wastewater, a selected flora should have the de-
sired degradative ability, tolerance to cocontaminants, and a natural spatial and tem-
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Table 1.7 Aerobic and anaerobic degradation or dechlorination of xenobiotics (Continued).

Reaction Rate Microorganisms Reference
Substance (mg L–1 d–1)

Tetrachloroethene 1.64 strain TT 4B Krumholz et al.
dichloro- (1996)
ethenec

Tetrachloroethene 2.05 strain MS-1 Sharma and 
dichloro- McCarty (1996)
ethenec

DCB, TCB, TeCBe 1.24 methanogenic mixed culture Middeldorp et al.
(1997)

a Alcaligenes eutrophus = Ralstonia eutropha.
b pJP4 = 2,4-dichlorophenoxy acetic acid-degrading plasmid.
c Dehalogenation product: total dehalogenation or partial dehalogenation to the corresponding deha-

logenation product.
d 2,3,4,5,6-CB = 2,3,4,5,6-chlorinated biphenyls.
e DCB = dichlorobenzene, TCB = trichlorobenzene, TeCB = tetrachlorobenzene.



porary abundance (van der Gast et al., 2003). Another possibility would be to add or-
ganisms containing plasmids having a broad host range, permitting conjugation
and DNA exchange between different species or genera of bacteria.

To enhance degradation of organic compounds in activated sludge or by a biofilm,
selected specialized bacteria, genetically modified bacteria, or bacteria as plasmid
donors for degradative pathways can be added (McClure et al., 1991; Frank et al.,
1996). Plasmid exchange from donor to recipient cells would be advantageous to the
recipient bacteria, because the plasmids harbor genes whose products function in
pathways for xenobiotic degradation, which would thus extend the substrate spec-
trum of the recipients. The transfer of naturally occurring mercury-resistance plas-
mids between Pseudomonas strains in biofilms was shown to occur rapidly (Bale et
al., 1988).

Selvaratnam et al. (1997) added a phenol-degrading strain of Pseudomonas putida
to an activated sludge SBR reactor, which had removed 170 mg L–1 of phenol before
being augmented with the Pseudomonas putida strain. Whereas the original phenol-
degrading activity was partially lost in the nonaugmented reactor upon further oper-
ation, the augmented reactor almost completely degraded the phenol. A more con-
vincing approach would have been to use non-phenol–degrading activated sludge
for this experiment, although the survival of the catabolic plasmid dmpN of Pseudo-
monas putida and its expression in the reactor biomass was demonstrated for 44 d by
molecular biology techniques under steady-state conditions in the laboratory.

Successful bioaugmentation experiments in an upflow anaerobic sludge blanket
reactor were reported by Ahring et al. (1992), who introduced a suspension of a pure
culture of Desulfomonile tiedjei or a three-member consortium into an UASB reactor.
They observed a rapid increase in the dehalogenation of 3-chlorobenzoate, whereas
nonamended parallel incubations had no dehalogenating activity. Even after several
months at 0.5-d hydraulic residence time, which was shorter than the generation
time of Desulfomonile tiedjei, dehalogenating activity was still observed, and Desul-
fomonile tiedjei could be found within the biofilm by the use of antibody probes.
More recently, an UASB reactor was supplemented with Dehalospirillum multivorans
to improve its dehalogenating activity (Hörber et al., 1998). In contrast, Margesin
and Schinner (1998) found, for biological decontamination of fuel-contaminated
wastewater, that stimulation of the autochthonous flora by adding a mineral mix en-
hanced biodegradation to a larger extent than bioaugmentation with a cold-adapted
mixed inoculum containing Pseudomonas sp. and Arthrobacter sp. 

Bioaugmentation with a complex inoculum, which naturally occurs in metalwork
fluids and contains strains of Clavibacter sp., Rhodococcus sp., Methylobacterium sp.
and Pseudomonas sp. is very effective in degrading COD in wastewater. The aug-
mented consortium degraded 67% of the COD (48 g L–1) and was therefore
50%–60% more effective than the indigenous flora. In-situ analysis showed that
100 h after the introduction, the augmented consortium constituted more than 90%
of the population (van der Gast et al., 2003). 

Degradation of many xenobiotics in anaerobic or aerobic pure cultures or com-
plex ecosystems has been demonstrated. Whereas for ‘intrinsic sanitation’ of pollut-
ed soil, the time is not limited, so long as the pollutants are adsorbed tightly to the
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soil matrix, degradation of xenobiotics in wastewater must be completed during the
residence time in the treatment system. Thus, merely the presence of a degradation
potential within a wastewater ecosystem is not sufficient, but degradation rates
must be high enough, and degradation must be faster than the residence time of
bacteria in suspended systems. Supplementation with microorganisms as a potential
tool to increase the degradation speed or to increase the degradation potential in
wastewater cannot in general be considered a state-of-the-art procedure yet.
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